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Antibiotic pollution in stream ecosystems in the United States remains a research 

area that has received little attention. The presence of antibiotics in streams presents a 

vehicle for these contaminants to be transferred from inland areas to coastal waters. 

Antibiotics can enter streams via runoff, wastewater effluent, and sewage leaks. The 

presence of antibiotic residues in bivalves presents one pathway that antibiotics can enter 

the food web. Due to antibiotics’ inhibitory nature, their presence in sediment can alter or 

inhibit microbial communities that facilitate biogeochemical processes. There remains 

very little research on antibiotic pollution’s implications on critical processes such as 

nitrification, denitrification, and methanogenesis. My research aims were to: 1) assess the 

occurrence and distribution of antibiotics in rural groundwater, rural streams, and urban 

streams in the Piedmont of North Carolina; 2) measure antibiotic concentrations from 

Asian clams exposed to three antibiotics in single and mixture exposures; and 3) 

investigate how antibiotics in single and mixture exposures at an environmentally 

relevant concentration can impact sediment biogeochemical processes.  

Using non-target screening, I detected 15 predicted antibiotics based on their 

respective ion masses in rural groundwater and streams. The four most commonly 

predicted antibiotics detected from non-target screening were then confirmed through 

target analysis (sulfamethoxazole, sulfamerazine, erythromycin, and danofloxacin) and 

quantified. Maximum concentrations in surface water, groundwater, and stream sediment 



 
 

were 1.2 g/L, 1.8 g/L, and 400 g/kg, respectively (Chapter II). The concentration of 

antibiotics detected in rural groundwater from private wells did not pose any risk to 

residents based on risk assessment calculations (Chapter II). Following rural stream and 

groundwater assessment, I detected ten predicted antibiotics in urban streams. The four 

antibiotics targeted in the rural study were all below the level of quantification in urban 

streams (Chapter III). Laboratory assays exposing Asian clams to sulfamethoxazole, 

ciprofloxacin, and erythromycin showed that antibiotic concentrations did not differ 

depending on single versus mixture exposures. Concentrations of erythromycin were 

lower than ciprofloxacin and erythromycin. Asian clams may be a suitable bioindicator 

for antibiotic pollution. However, due to not dissecting the clam, not rinsing the clam’s 

external body, or allowing for a proper depuration period, concentrations measured 

include those assimilated into tissues, present in the digestive tract, and/or adsorbed to the 

external body of the clam (Chapter IV). Due to antibiotic occurrence in sediments, their 

impact on nitrification, denitrification, and methanogenesis was of interest. The assay 

consisted of single and mixture antibiotic treatments (sulfamethoxazole, danofloxacin, 

and erythromycin) at a relevant concentration (10 g/L each) and a control treatment (no 

antibiotic addition). The study was conducted over seven days with an initial 24-hour 

oxic period (oxygen levels ≥ 5.5%; samples collected at 0, 6, 12, and 24 hours), with only 

NH4
+ and NO3

- consumption rates measured. Following the oxic period, there was a 

hypoxic or anoxic period following (samples collected on days 2, 4, and 7) to determine 

the influence of antibiotics on N2, N2O, CH4, and CO2 concentrations. During this period, 

microcosm oxygen levels were ≤ 5.5% (based on a preliminary oxygen demand study 



 
 

that concluded at 24 hours). NO3
- consumption rates did not differ amongst antibiotic and 

control treatments. By day 7, concentrations of N2O, N2, CH4, and CO2 did not differ 

among antibiotic and control treatments. In my assessment of NH4
+ consumption, the 

control, danofloxacin, and erythromycin treatments exhibited a decline in NH4
+ 

concentration. However, the SMX treatment exhibited no change in NH4
+ concentration 

over the study’s 24-hour oxic period. The mixture treatment experienced an increase in 

NH4
+ concentration over the oxic period (Chapter V). Results from my dissertation 

illustrate that antibiotic pollution in the Piedmont of North Carolina is widespread. 

Antibiotics can be detected in Asian clams. The antibiotic sulfamethoxazole alone 

inhibited nitrification. When mixed with danofloxacin and erythromycin, nitrification can 

be reduced, and mineralization is enhanced. 
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CHAPTER I 

INTRODUCTION 

As our society continues to grow, so does our dependence on pharmaceuticals. 

Due to the increased use of pharmaceuticals by humans, residues of these compounds 

have been detected in various aquatic ecosystems (Brumovský et al., 2017; Fisch et al., 

2017; Aubertheau et al., 2017; Glassmeyer et al., 2017). The increased detection of 

pharmaceuticals in global water supplies led to their classification as "Contaminants of 

Emerging Concern" (Halling-Sørensen et al., 1998). Antibiotics are the most widely used 

group of pharmaceuticals; their production presently exceeds 200,000 tons per year 

(Wise, 2002). Antibiotics are extensively and effectively used in human and veterinary 

medicines, and their benefits are recognized in agriculture, aquaculture, bee-keeping, and 

livestock (Gothwal and Shashidhar, 2015).  

Antibiotics are comprised of various classes whose modes of action include the 

inhibition of cell wall synthesis, cell membrane function, protein synthesis, nucleic acid 

synthesis, and metabolic processes (Kapoor et al., 2017). The most common classes are 

b-lactams, chloramphenicols, sulfonamides, fluoroquinolones, tetracyclines, macrolides, 

aminoglycosides, glycopeptides, quinolones (Kümmerer, 2009; Yan et al., 2013). 

Antibiotics administered to humans and animals are not completely metabolized; 50–80% 

of total parent compounds are excreted as a mixture of metabolite conjugated compounds 

(Jjemba, 2006; Lienart et al., 2007; Peng et al., 2009). Kolpin and others (2002) led a 

national reconnaissance investigating antibiotics in streams of the US. Of the 139 streams 
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sampled, sulfamethoxazole was the most detected antibiotic (Kolpin et al., 2002). Since 

then, research on antibiotics has grown considerably. 

Environmental research pertaining to antibiotics has been focused on the 

development of antibiotic resistance (Gothwal and Shashidhar, 2015). The presence of 

antibiotics in the environment can result in bacterial communities developing resistance 

to antibiotics (Manaia et al. 2011; Rizzo et al. 2013; Vaz- Moreira et al. 2014). Water 

plays a major role in disseminating antibiotic resistance between the environment and 

humans and other animals (Vaz-Moreira et al. 2014). The ecological consequence of 

antibiotic pollution is a developing research area. Antibiotics are considered to be 

"pseudo-persistent" because they enter the environment at a higher rate than they are 

eliminated. The pseudo-persistent nature of antibiotics makes these compounds a 

contaminant of interest due to their potential ecological impact, which is poorly 

understood.  

Stream environments have been regarded as conduits transporting water from 

inland to coastal areas. Streams play a crucial role in providing drinking water, serving as 

a habitat to many aquatic organisms, transforming nutrients, and processing organic 

matter. Increases in human population and urbanization threaten these ecosystems. 

Urbanization affects natural ecosystems through habitat degradation, species loss, 

disruption of ecosystem processes, and altering biological interactions (Alberti 2008). 

Due to the presence of wastewater treatment facilities, most urban streams receive high 

loading of antibiotics from treatment plant effluent. The most notable investigation of 

antibiotics in US streams led by Kolpin et al. (2002) focused primarily on streams 
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receiving wastewater (as mentioned above). As a result, urban areas have garnered far 

more attention than rural communities. Almost 20% of US residents live in rural areas 

(www.census.gov). Most of the antibiotics used in the farming industry are excreted via 

fecal matter and urine as unmodified parent compounds, where they can enter streams via 

runoff or leaching into groundwater (Ji et al., 2016). Antibiotic residues in stream surface 

waters and groundwater can impact nearby residents that utilize groundwater for 

residential purposes.  

Environmental contaminants, among other stressors, have contributed to declining 

populations in urban ecosystems. Organisms like bivalves could be exposed to a variety 

of compounds present in the environment at low concentrations (Chiesa et al., 2018). 

Through filter-feeding and deposit-feeding processes, bivalves can accumulate 

contaminants (heavy metals and polycyclic aromatic hydrocarbons) that are dissolved in 

water or desorbed from particulate matter (Pruell et al., 1986; McLeod et al., 2008). 

However, they metabolize and eliminate them more slowly than vertebrates (Farris and 

Van Hassell, 2006). The accumulation of pharmaceuticals by aquatic organisms is a 

critical research need for pharmaceuticals in the environment (Boxall et al., 2012; Rudd 

et al., 2014). 

There are limited studies on how antibiotics impact ecosystem function (DeVries 

and Zhang, 2016). Ecosystem functions rely on microbial activity to break down organic 

matter and thereby provide bioavailable nutrients (Conkle and White, 2012). Stream 

ecosystem functions are mostly controlled by, and dependent upon, microbes for a suite 

of crucial biogeochemical processes (e.g., denitrification, nitrogen fixation) and services 
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(e.g., organic matter decomposition). Previous work in this area has focused on wetland 

and marine sediments (Ma et al., 2006; Conkle and White, 2012), not stream sediments. 

Microbial communities responsible for biogeochemical processes are exposed to a wide 

range of antibiotics at different concentrations, potentially altering microbial community 

function (Dinh and He, 2010).  

There are several knowledge gaps pertaining to antibiotic pollution in aquatic 

environments that I aim to assess. First, what antibiotics are present in urban and rural 

systems, and how comparable is contaminant occurrence and concentrations between the 

two across different seasons? Second, can Asian clams uptake and retain antibiotics in 

their tissue following exposure? Third, what impact does antibiotic exposure have on 

specific sediment biogeochemical processes (nitrification, denitrification, and 

methanogenesis)?  

The following dissertation is broken into three specific aims over four chapters. 

Specific Aim I (Chapter II and III): Determine the distribution and concentration of 

antibiotics in rural and urban streams across different seasons. 

Specific Aim II (Chapter IV): Measure antibiotic concentrations from Asian clams 

exposed to three antibiotics in single and mixture exposures. 

Specific Aim III (Chapter V): Investigate the impact of commonly detected antibiotics 

in single, and mixture exposure have on sediment biogeochemical processes, specifically 

nitrogen and methane cycle processes. 
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CHAPTER II 

THE SEASONAL DISTRIBUTION AND CONCENTRATION OF ANTIBIOTICS IN 

RURAL STREAMS AND DRINKING WELLS IN THE PIEDMONT OF NORTH 

CAROLINA 

 

PUBLISHED AS:  Gray, Austin. D., Todd, Daniel., & Hershey, Anne. E. (2020). The 

seasonal distribution and concentration of antibiotics in rural streams and drinking wells 

in the piedmont of North Carolina. Science of The Total Environment, 710, 136286. 

 

Abstract 

The present study investigated 16 residential, rural well sites and respective nearby 

streams in the Piedmont of North Carolina over three different seasons to determine 

antibiotic presence and concentration. Fifteen antibiotics were detected in stream surface 

water, groundwater, and stream sediment compartments. Antibiotics detected represented 

penicillin, sulfonamide, macrolide, aminoglycoside, lincosamide, and quinolone groups. 

Sulfamethoxazole (SMX), sulfamerazine (SMR), danofloxacin (DAN), and erythromycin 

(ETM) were the most commonly detected among samples throughout the sampling 

period. Concentrations reported in the study ranged from 0 to 1740 ng/L in surface water 

and groundwater, and 0 to 378 μg/kg in stream sediment. There was a seasonal influence 

on antibiotic concentrations in each environmental compartment. Fall had the highest 

antibiotic concentrations for surface water and stream sediments overall, and 
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groundwater concentrations were highest in the winter. Principal component analysis 

(PCA) was used to assess the correlation between environmental variables. Antibiotic 

concentrations correlated with groundwater pH, surface water pH, and surface water 

temperature. Non-metric multidimensional scaling (NMDS), used to display seasonal and 

environmental compartment data, demonstrated no discernible trend in the distribution of 

antibiotics over time. Human health risk assessments based on risk quotients (RQs) from 

groundwater assessment showed no risk to children 6–11 years old, or adults 18 years old 

or older. Results from this study illustrate that the occurrence of antibiotics in streams 

and groundwater in the Piedmont of North Carolina is widespread and provide a basis for 

future studies investigating the occurrence of antibiotics in rural areas, especially where 

animal density is high. This work is important because it contributes to the paucity of 

information on antibiotic pollution in rural areas, and because it illustrates the importance 

of using a combined targeted and non-targeted approach to antibiotic pollution in streams 

and groundwater. 

 

Keywords: Antibiotics; Surface water; Sediment; Veterinary drugs; Triple Quad mass 

spectrometry; LTQ Orbitrap mass spectrometry 

 

Introduction 

Pharmaceutical compounds in the environment have been identified as a class of 

emerging environmental contaminants that are used extensively in human and veterinary  

medicine  (Halling-Sørensen et al., 1998). Of the various types of pharmaceutical 
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products, antibiotics are the most widely used. The annual consumption of antibiotics 

globally is estimated to be 70 billion standard units for human use (Van Boeckel et al., 

2014) and 63,151 ± 1560 tons/year for livestock (Van Boeckel et al., 2015). As global 

use and release of antibiotics into the environment increases, there remains a great deal to 

be assessed about their environmental impact. Gelband et al. (2015) stated that antibiotics 

will increase in standard units by 30% for humans and by 67% for livestock over the next 

15 years. The FDA estimates that 1.3 × 107 kg of antibiotics (~60%) are used for 

agricultural purposes, including aquaculture, while the remaining 40% is used for human 

clinical use (U.S. Food Drug Administration, 2010). 

Antibiotics can enter the environment from various sources such as wastewater 

treatment facilities (WWTFs), landfills, hospital effluent, runoff, and accidental loss. As 

antibiotics enter the environment, they have the potential to contaminate soil, 

groundwater, and surface water. This contamination can potentially impact drinking 

water quality and ecosystem health. A significant portion of the antibiotics can be 

excreted as the parent compounds or in conjugated forms that can be converted back to 

the parent antibiotics (Ye et al., 2007). Through excretory processes and mishandling 

during antibiotic disposal, antibiotics end up in the environment in active form. Continual 

exposure could induce antibiotic-resistant bacteria or genes which increase health and 

ecological risks (Al-Bahry et al., 2009; Kümmerer, 2009; Su et al., 2018; Garner et al., 

2017).  

Antibiotics can undergo biodegradation, hydrolysis, or photodegradation via 

adsorption to sediment or suspended particles (Tamtam et al., 2008; Xu et al., 2014). 
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Once bound to sediment, soil, or manure, many antibiotics appear to be relatively 

persistent in the environment, extending their half-life (Jorgensen and Fath, 2014). 

Antibiotic concentrations in aquatic systems vary across studies, with concentrations 

ranging from ng/L to μg/L in aquatic systems (Kümmerer, 2009; Deng et al., 2016; 

Kulkarni et al., 2017; Kim et al., 2019; Li et al., 2019; Tran et al., 2019; Yang et al., 

2018). 

Surface waters and groundwater are not regularly tested for antibiotics in the 

United States; therefore, the full extent of their occurrence remains unknown. Kolpin et 

al. (2002), with USGS, reported the antibiotics in 139 streams across 30 states in the 

United States. However, the contributions of agricultural versus wastewater from sewage 

treatment plants to the presence of antibiotics in the sampled streams were unclear 

(Kumar et al., 2005). In rural areas not connected to urban infrastructure, wells and septic 

tanks are used to obtain water and to treat sewage, respectively. Wells that are on or in 

proximity to farmlands where antibiotics usage is mainly due to animal husbandry can 

contain detectable levels of antibiotics from those sources and personal residential usage. 

Therefore, the use of antibiotics on farms can result in antibiotics entering rural 

groundwater and streams via leaching. 

Veterinary pharmaceuticals have become an increasingly serious problem and 

pose considerable risks (Du and Liu, 2012). The use of antibiotics for animal husbandry 

presents a vehicle for these contaminants to runoff or leach into nearby streams and 

groundwater. The frequent occurrence of antibiotics in stream water (He et al., 2015; He 

et al., 2016), which may be used as sources of drinking or irrigation water, gives rise to 
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concern over the potential for antibiotics to affect human health through chronic exposure 

(Wang et al., 2016). Residual antibiotics can also directly cause adverse effects on non-

target organisms and pose an ecological risk (Kafaei et al., 2018). Studies assessing 

antibiotics in rural areas are limited, especially in the United States. Dinh et al. (2017) 

investigated antibiotics in surface waters in rural catchments in France, reporting 

concentrations as high as 12,850 ng/L. Dinh et al. (2017) also reported concentrations in 

sediment as high as 3500 ng/g. 

 In the United States, Kibuye et al. (2019) found the antibiotic sulfamethoxazole 

or SMX in 58% of groundwater samples in the winter of 2017 from 26 households with 

private wells in central Pennsylvania. Schaider et al. (2016) detected SMX in 45% of 20 

domestic wells in Cape Cod, MA. In North Carolina, antibiotics are applied in rural areas 

to sustain livestock and for agriculture. Groundwater is utilized in many rural areas of 

North Carolina as a means of drinking water. The goal of the present study was to: (i) 

determine if antibiotics were present in rural streams and groundwater (drinking wells) 

located in the Piedmont of North Carolina, (ii) quantify those most commonly detected, 

and (iii) determine if there was a seasonal pattern to antibiotic concentrations across the 

region. 

Materials and methods 

Study site description 

Sampling for the study took place in rural areas of Alamance, Guilford, and 

Randolph county of North Carolina (S1 of supplemental information) in the Piedmont of 
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North Carolina. Alamance County (423.94 sq. miles or 1098 km2) has a population of 

162,391, 60% of whom rely on wells. Alamance County has roughly 296,967 animals 

utilized for farming purposes (NASS, 2009). Guilford County (645.70 sq. miles or 1672 

km2) has a population of 526,953, with 26% relying on well water. Guilford County has a 

farming animal population of 352,248, consisting primarily of poultry (306,500 layers 

and 16,385 roosters). Randolph County (789 sq. miles or 2043 km2) has a population of 

143,282, with 58% using well water (U.S. Census Bureau., 2017). Randolph County 

houses 8,751,591 farm animals (S1 of supplemental information). Sampling consisted of 

16 stream sites and private drinking well sites among the three counties, including six 

streams and seven wells in Alamance County, five streams and five wells in Guilford 

County, and five streams and four wells in Randolph County (Fig. 2.1; see S2, S3, and S4 

of the supplemental information). Stream sites were selected based on their proximity to 

private drinking wells. Access to private drinking wells was made available through 

personal contact with residents. County managers were contacted to receive information 

on well depth and installation data. Information on well depth and installation was not 

available due to a lack of information available for each county. Due to sample sites in 

Piedmont being clustered within counties, the focus of this study was to investigate 

antibiotic occurrence on a regional scale. Therefore, all information presented will be 

presented across regions and not between counties. 
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Field sampling 

In the summer and early fall of 2017, several field surveys of potential sites were 

conducted in each respective county. Groundwater was sampled from residential drinking 

wells to determine the distribution and concentration of antibiotics in groundwater. When 

sampling groundwater from wells, the schedule was consistent with when streams were at 

baseflow. At each site, conductivity, dissolved oxygen, temperature, and pH were 

recorded. Collection protocols for rural drinking water followed an amended sampling 

procedure used  by Watkinson et al. (2009). Water collections consisted of 2 L of well 

water into a 4 L amber jug from either the well house or a connected tap. Groundwater 

was stored on ice until transportation to the laboratory. All glassware was critically 
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cleaned by soaking in a 20 N NaOH solution for 24 h (to remove organics), rinsed with 

deionized water, rinsed with 70% acetone, and rinsed a final time with deionized water.  

Each stream was relatively close in proximity to a private drinking well site. At 

each stream site, designated reach  between  100  and 200 m was sampled, depending on 

the size and length of the stream. To partially constrain flow effects, sampling at each 

stream site occurred at times of baseflow. Along this reach, physical water quality data 

(conductivity, dissolved oxygen, and temperature) was obtained with field collection 

instruments for each parameter. Each site consisted of a composite surface water sample 

(2 L) collected at three random sites along the stream reach in a critically cleaned 4 L 

amber jug. Sediment samples consisted of collecting sediment (0–5 cm depth) with 

sediment cores at three random sites along the stream reach and stored in 250 mL amber 

jars. Sample protocols for stream collections reflected those outlined by Yang et al. 

(2010) Yan et al., 2013). Samples were stored on ice until transferred to the laboratory. 

Sample extraction and mass spec analysis 

Solid-phase extraction (SPE) and chemicals 

Groundwater samples from drinking wells and stream surface water were transported to 

the laboratory located at the University of North Carolina at Greensboro (UNCG) to 

undergo preparation for mass spectrometry analysis. All chemicals used for extractions 

were LC/MS grade and purchased from Fisher Scientific. Before solid-phase extraction 

(SPE), water samples were filtered through 0.7 m filters, pH adjusted to 4.0 with 

H2SO4, 0.2 g of Na-EDTA added (chelating agent) and stored in 4 °C refrigerator until 
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extraction. Extraction was completed typically within 24 h of collection. SPE extraction 

of surface water and groundwater was in accordance with Yan et al. (2013) using Oasis 

HLB 500 mg (Waters, Andover MA). The SPE extract was then evaporated to dryness 

under a gentle stream of nitrogen and reconstituted in 1 mL of methanol. Samples were 

stored −20 °C until analysis. Before analysis, samples were transferred to 96-well plates. 

Stream sediment samples were transported to the laboratory and homogenized 

before placement in 50 mL falcon tubes for storage. Sediment samples were then freeze-

dried. Sediment extraction procedures were in accordance with Kim and Carlson (2007). 

All extractions were performed at a flow rate of approximately 5–10 mL per minute using 

a vacuum extraction manifold. The SPE extract was then evaporated to dryness under a 

gentle stream of nitrogen and reconstituted in 1 mL of methanol. Extraction fluids were 

stored in 20 mL amber vials and placed in a −20 °C freezer until analysis. Before 

analysis, samples were transferred to 96-well plates.  

Mass spectrometry analysis of antibiotics 

Mass spectrometry analysis of the antibiotics was conducted in both an untargeted 

and targeted manner. The untargeted analysis was conducted using an LTQ Orbitrap XL 

(Thermo Fisher Scientific) high-resolution mass spectrometer coupled to an Acquity 

Ultra Performance Liquid Chromatography (UPLC) system (Waters Corporation). The 

targeted analysis was conducted using a TSQ Quantum Access triple quadrupole mass 

spectrometer (Thermo Fisher Scientific) coupled to an Acquity UPLC (Waters 

Corporation). Both approaches utilized an Acquity HSS T3 column (50 mm × 2.1 mm, 
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i.d. 1.8 mm) and a binary solvent gradient consisting of optima grade water containing 

0.1% formic acid (mobile phase A) and optima grade methanol containing 0.1% formic 

acid (mobile phase B). 

Untargeted analysis 

LTQ Orbitrap XL was calibrated and configured in accordance with Pugajeva et 

al. (2017). Antibiotics were identified with the use of the MZmine software. This 

software identified the mass ([M+H]+ ion) of targeted compounds of interest with the use 

of data from Hurtaud- Pessel et al. (2011) that provided a detailed list of antibiotics and 

their [M+H]+ m/z ion values. Samples were analyzed using positive mode electrospray 

ionization. Selected antibiotics obtained from the MZmine software were coupled with 

elemental composition output from Xcalibur software to validate the antibiotics detected. 

Targeted analysis and QA/QC 

Following the identification of the 15 antibiotics in each environmental sample. 

Antibiotics that were frequently detected (sulfamethoxazole, sulfamerazine, danofloxacin, 

and erythromycin) (see S5 of supplemental information). Selected antibiotics were 

purchased from Sigma-Aldrich, and the four antibiotic calibration standards were 

prepared by diluting individual stock solutions (5 mg/L) in methanol 24 h before mass 

spec analysis. All analytes were analyzed using electrospray ionization in positive mode. 

Two major fragment ions of each analyte were monitored using MRM scan mode. Source 

parameters were optimized for selected antibiotics prior quantification analysis of 

environmental samples (see S5 of supplemental information). The gradient of the triple 
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quad protocol can be found in S6 of the supplemental information. The method was 

validated through the estimation of the linearity range using external calibration curves 

(R2 ≥ 0.99), method detection, and quantification limits. The lower limit of detection 

(LLOD) and lower limit of quantification (LLOQ) were determined in accordance with 

those outlined by Baber (1994) and Shrivastava and Gupta (2011) by utilizing the 

standard deviation of the response and slope obtained from our calibration curve. 

Recovery assays were conducted to assess the accuracy of our extraction and 

analytical methods. This was done by spiking nanopure water with 1 mg/L of each 

antibiotic utilized for targeted analysis (SMX, SMR, DAN, ETM) (Table 2.1). Spiked 

solutions were subjected to the same SPE extraction protocol as the environmental 

samples and analyzed with the Triple Quad following the same methods previously 

described. LLOD, LLOQ, and percent recovery can be found in S5 of the supplementary 

information. 

Tabe.2.1 Physicochemical properties of targeted antibiotics for quantitative analysis 

Class Compound Abb. CAS No. pKa LogKow 

Solubility 

(mg L-1) Primary usage 

Sulfonamides 

(SAs) Sulfamethoxazole SMX 723-46-6 1.6/5.7 0.89 610 

Human and animal 

respiratory, urinary 

tract, skin, or 
gastrointestinal 

infections 

Sulfonamides 
(SAs) Sulfamerazine SMR 127-79-7 2.01/6.99 0.14 202 

Preservation of milk, 

aquaculture, bacterial 
infections in animals 
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 Fluoroquinolone 
(FQ) Danofloxacin DAN 112398-08-0 6.22/9.43 0.44 20 

Cattle, swine, and 
chickens 

Macrolides (ML) Erythromycin ETM 114-07-8 7.7/8.9 1.6-3.1 0.45-15 

Human, cattle, swine, 

fish, 

 

 

Human health risk assessment 

Human health risk characterization was based on the assessment of risk quotients 

(RQs) for adults (18 years or older)  and  children  (6–11 years old) (RQ1). Human health 

assessment was applied to age groups that were reported by homeowners in households 

on properties where groundwater was sampled from their wells. RQs for groundwater 

(RQ1) was determined by dividing the maximum concentration of each antibiotic by the 

Drinking Water Equivalent Level (DWEL) for the respective age groups (adults and 

children 6–11 years old). An RQ N 1 suggests a high risk associated with consumption. 

DWEL estimations were assessed according to the Wyoming Water Rules and 

Regulations (DEQ, 2005). Equations for risk assessment can be found below. 

RQ1=Cs/DWEL; DWEL(unit = μg/L/d−1) = ADI x BW=DWI x FOE 

Cs = max concentration of antibiotic ADI = Acceptable Daily Intake 

BW = Body Weight DWI = Daily Water Intake 

FOE = Frequency of Exposure 
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Statistical analysis 

Statistical analysis, Principle Component Analysis (PCA), and Non- 

Multidimensional Scaling (NMDS) for the present study were conducted using R 

statistical software (version 3.3.2). Wilcoxon rank-sum tests were used to compare 

concentrations of antibiotics between groundwater and surface water among seasons. 

Kruskal-Wallis tests were used to determine differences among surface water, 

groundwater, and stream sediment antibiotic concentrations over different seasons due to 

assumptions not being met for ANOVA. Pairwise Wilcoxon rank-sum tests were applied 

as a posthoc test to determine differences among seasons. Bonferroni corrections were 

applied to posthoc analyses to determine differences among seasons. The significance of 

this analysis was set at α = 0.017 as a result of the Bonferroni correction. PCA was 

applied to the antibiotic concentrations (transformed by a log +1 transformation) and 

environmental data (surface water pH, groundwater pH, surface water conductivity, 

groundwater conductivity, surface water temperature, and groundwater temperature) to 

obtain a visual representation of the data. The principal components (PCs) were extracted 

for eigenvalues that were N1. NMDS was applied to visualize the distribution of 

antibiotics among different compartments across different seasons. Pearson's correlation 

was applied to assess the correlation between groundwater samples versus surface water 

samples among each season. Concentrations less than the level of quantification (LOQ) 

were nominally assigned that of one-half of the LOQ for statistical analysis. Significance 

was determined at p<0.05. Marginally significant values were designated at a p-value 

between 0.05 and 0.06. 
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Results 

The occurrence of antibiotics in surface water, groundwater, and stream sediment 

Non-target analysis with the LTQ Orbitrap analysis detected 15 antibiotics in 

surface water, groundwater, and sediment across the three-county study area (see S7 of 

supplemental information). Among all compartments, eight antibiotics were detected: 

SMX, DAN, ETM, GC2, SMR, SPM, CIP, and LCM. NFC was detected in both 

groundwater and stream sediment samples, but not in surface water. SDMR and PEN V 

were detected in groundwater only, while SFQ and ENR were detected only in surface 

water. PEN G and SFG were detected in stream sediment only (Fig. 2.2A; 2.2B; 2.2C). 

SMX, DAN, GC2, ETM, and SMR were the most frequently detected antibiotics among 

all compartments with frequencies in surface water ranging from 31%–77% (Fig. 2.2A). 

In groundwater, frequency of detection for SMX, DAN, ETM, GC2, and SMR ranged 

from 27%–65% (Fig. 2.2B). In stream sediment, frequency of detection for SMX, DAN, 

ETM, GC2, and SMR ranged from 10%–58% (Fig. 2.2C). Due to the high frequency of 

detection, target focus was applied to  SMX, DAN, ETM, and SMR (GC2 was excluded 

due to the inability to quantify standards) for quantitative analysis. Fall had the highest 

detection frequencies for surface water and stream sediment compared to winter and 

spring (S8 of supplemental information). It was observed that groundwater had a higher 

detection frequency in the winter for SMX and SMR, while DAN and ETM were lower 

in the winter compared to the fall (S8 of supplemental information). 
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Surface water concentrations 

The concentrations of antibiotics in surface water ranged from 0 to 1227 ng/L. 

The fall of 2017 yielded the highest concentrations of antibiotics in surface water 

compared to other seasons (Fig. 2.3A); however, there was no significant difference 

across seasons. The average concentrations of SMX in the fall, winter, and spring were 
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15 ± 6, 7 ± 1, and 6 ± 2 ng/L, respectively (Table 2.2). There were significantly higher 

concentrations of SMR in the fall compared to the spring (p = 0.002), and higher 

concentrations in the winter compared to spring (p = 0.003) (Table2.3).SMR 

concentrations over the fall, winter, and spring were 16 ± 7, 4 ± 1, and 0.4 ± 0 ng/L, 

respectively (Table 2.2). DAN had significantly higher concentrations in the fall 

compared to spring (p = 0.003) (Table 2.3). DAN concentrations over the fall, winter, and 

spring were 300 ± 98, 61 ± 26, and 8 ± 5 ng/L, respectively (Table 2.2). Fall ETM had 

significantly higher concentrations compared to spring (p = 0.002) (Table 2.3). ETM 

concentrations over the fall, winter, and spring were 8 ± 1, 5 ± 1, and 3 ± 1 ng/L, 

respectively (Table 2.2). 

 

Table 2.2. 

Average concentration with standard error for targeted antibiotics in surface water, groundwater, and sediment.  

 Surface Water Groundwater Sediment  

Antibiotic Season n 

Conc. 

 (ng/L) SE n 

Conc. 

 (ng/L) SE n 

Conc. 

 (g/kg) SE 

DAN Fall  15 299.62 98.42 4 308.04 166.68 15 116.44 38.68 

DAN Winter  14 60.56 26.02 11 273.80 156.85 13 18.05 11.53 

DAN Spring  15 8.31 4.46 9 5.42 3.85 14 16.82 4.97 

ETM Fall  15 8.16 0.96 6 3.57 2.54 15 5.40 0.83 

ETM Winter  14 5.36 0.94 9 17.66 9.59 13 1.16 0.78 

ETM Spring  15 2.50 0.94 13 0.00 0.00 14 6.88 2.94 

SMR Fall  15 16.41 6.73 14 5.11 3.96 15 6.00 1.88 

SMR Winter  14 3.74 0.86 13 45.00 19.39 13 1.84 1.09 

SMR Spring  15 0.35 0.35 12 0.00 0.00 14 3.80 1.41 

SMX Fall  15 14.54 6.11 8 10.10 4.91 15 6.89 1.81 

SMX Winter  14 6.63 1.00 11 54.04 20.22 13 2.77 1.36 

SMX Spring  15 5.97 1.52 6 1.01 1.01 14 4.77 1.41 

Abbreviations: DAN= Danofloxacin, ETM= Erythromycin, SMR= Sulfamerazine, SMX=Sulfamethoxazole 

SE=standard error, n= sample size 
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Groundwater concentrations 

The concentrations of antibiotics in groundwater ranged from 0 to 1740 ng/L (Fig. 

2.3B). There was no significant difference across seasons for SMX (p = 0.068) (Table 

2.3). The average concentrations of SMX in the fall, winter, and spring was 10 ± 5, 54 ± 

20, and 1 ± 1 ng/L, respectively (Table 2.2). In the winter, SMR was significantly higher 

than fall (p = 0.014) and spring (p = 0.003) (Table 3). The average concentrations of 

SMR in the fall, winter, and spring were 5 ± 4, 45 ± 19, and 0 ± 0 ng/L, respectively 

(Table 2.2). Winter DAN concentrations were significantly higher than spring 

concentrations (p = 0.01) (Table 2.3). The average concentrations of DAN in fall, winter, 

and spring were 308 ± 167, 273 ± 157, and 5 ± 4 ng/L, respectively (Table 2.2). Winter 

ETM concentrations was significantly higher than the fall (p = 0.004) and spring (p = 

0.008) (Table 2.3). The average concentration of ETM in the fall and winter was 4 ± 3, 

18 ± 10, respectively, with none detected in the spring (Table 2.2). 

Stream sediment concentrations 

Concentrations of antibiotics in stream sediment ranged from 0 to 378 μg/kg (Fig. 

2.3C). There was no difference in SMX concentrations across seasons (p = 0.14) (Table 

2.3). Average concentrations of SMX in the fall, winter, and spring were 7 ± 2, 3 ± 1, and 

5 ± 1 μg/kg, respectively (Table 2.2). There was no significant difference in SMR 

concentrations across seasons (p = 0.14; Table 2.3). The average concentrations of SMR 

in the fall, winter, and spring were 6 ± 2, 2 ± 1, and 4 ± 1 μg/kg, respectively (Table 2.2). 

Fall DAN concentrations in stream sediment was significantly higher than winter samples 
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(p = 0.009; Table 2.3). The average concentrations of DAN in the fall, winter, and spring 

were 116 ± 39, 18 ± 11, and 17 ± 5 μg/kg, respectively (Table 2.2). Fall ETM 

concentrations were significantly higher than winter (p = 0.005; Table 2.3). The average 

concentration of ETM in the fall, winter, and spring were 5 ± 1, 1 ± 1, and 7 ± 3 μg/kg, 

respectively (Table 2.2). 

 

 

 

Table 2.3.  

Comparison of antibiotic concentrations across seasons for surface water, sediment, and 

groundwater. 

  SMX SMR DAN ETM 

Surface 

water No Difference 

*Fall >Spring                      

*Winter>Spring *Fall >Spring                               *Fall >Spring                                                                                                                

Sediment  No Difference No difference *Fall >Winter *Fall >Winter                                                     

Groundwater No Difference  

*Winter> Fall                         

*Winter>Spring  *Winter > Spring 

*Fall > Spring                                                   

*Winter > 

Spring  

Notes: * denotes seasons where there were significant differences. Significance was 

determined at (p≤0.017) based on Bonferroni correction. Abbreviations: DAN= 

Danofloxacin, ETM= Erythromycin, SMR= Sulfamerazine, SMX=Sulfamethoxazole 
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Surface water vs. groundwater 

Due to the potential interaction of surface water and groundwater in aquatic 

environments, it was of interest to compare the concentrations between compartments. 

There were no significant differences in mean concentrations of SMX, SMR, DAN, and 

ETM between surface water and groundwater, but there were seasonal differences (Fig. 

2.3A; 2.3B). Seasonal data demonstrated that in the fall of 2017, there was significantly 
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higher concentrations of SMR in surface water than groundwater (p = 0.03). There was 

also a significantly higher concentration of DAN in surface water than in groundwater (p 

= 0.02) in the fall (see supplemental information S9). 

Pearson's correlation analysis was conducted to determine whether antibiotic 

concentrations in surface water and groundwater were correlated. Results from 

correlation analysis demonstrated that there were only significant correlations between 

surface water and groundwater concentrations for DAN and ETM in winter (0.68, p = 

0.005; −0.63, p = 0.01, respectively) (see supplemental information S10). 

Principle component analysis 

PCA was performed to analyze the antibiotics in surface water, groundwater, and 

stream sediments in relationship to available water quality data (pH, conductivity, and 

temperature for surface water) (see supplemental information S11). Screen plots 

identified that PC1, PC2, and PC3 were the main components contributing to the variance 

of the PCA (51% of total variance) (see supplemental information S12). Loadings were 

situated closely in biplots representing the most highly correlated variables. PC1, PC2, 

and PC3 accounted for 19%, 18%, and 14% of the total variance (Figs. 2.4A, 2.4B; S12). 

Surface water antibiotics, surface water conductivity, and groundwater pH had 

moderately positive loadings for PC1 (see supplemental information S13 and S14). 

Surface water and stream sediment antibiotics had moderately positive loadings for PC2. 

Surface water and stream sediment antibiotics, surface water conductivity, groundwater 

pH, and groundwater conductivity had moderately positive loadings for PC3 (see S13 of 
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supplemental information). Groundwater pH was shown to be correlated with surface 

water antibiotic concentrations (Fig. 2.4B), while surface water temperature was 

correlated with  groundwater antibiotic concentrations (Fig. 2.4B). 
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Non-multidimensional scaling 

NMDS plots were used to show the distribution of antibiotics detected across 

different seasons and environmental compartments (surface water, groundwater, and 

stream sediment). Data was transformed with a log+1 transformation before NMDS 

plotting. The stress value for the analysis was at 0.09, indicating that the data was in good 

accordance to proceed with NMDS plots. Shepard's plots for non-metric fit and linearity 

fit can be found in S15 of the supplemental information. Distribution of antibiotics among 

environmental compartments across seasons demonstrates considerable overlap, with no 

discernible trend in antibiotic distribution spatially to draw any definitive conclusions on 

the visual representation of the data (Fig. 2.5). Based on the vector distribution, it was 

observed that the sulfonamides (SMR and SMX) were plotted closer together compared 

to ETM and DAN. 
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Human health risk assessment 

Human health risk assessments applied to groundwater antibiotics obtained from 

drinking wells demonstrated low risk for adults and children (6–11 years old) in the 

homes whose groundwater was sampled from wells (Table 2.4). Table 2.5 summarizes 

RQ1 values for each respective antibiotic in groundwater except SMR due to limitations 

in the literature. 
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Table 2.5. 

Risk quotient data for human health risk assessments of adults and children. 

 Adults (18 and older) Children (6-11 years old) 

 DWEL (mg/L) RQ1 DWEL (mg/L) RQ1 

SMX 3982.84 4.04E-05 3145.16 5.11E-05 

DAN 1225.49 0.0014 967.74 0.0018 

ETM 73.53 0.0009 58.06 0.0012 

RQ1=Cs/DWEL; DWEL= ADI x BW/DWI x FOE                                                                                                                                   

Cs=max concentration                                                                                                                                

SMR data not available 

Abbreviations: DAN= Danofloxacin, ETM= Erythromycin, SMR= Sulfamerazine, 

SMX=Sulfamethoxazole 

 

Discussion 

Results from the present study demonstrate widespread occurrence of antibiotics 

in the Piedmont of North Carolina. Antibiotic pollution in rural streams and groundwater 

was shown to be seasonally variable. The paired non-target (LTQ Orbitrap) and target 

(Triple Quad) approach used in the present study provided greater insight into the scope 

of antibiotic occurrence in the study region than would have been afforded by the more 

commonly reported single-pronged approach of focusing on specific targets (Kümmerer, 

2009, Al Aukidy et al., 2012; Cheng et al., 2014; De Liguoro et al., 2012; Deng et al., 

2016; Jiang et al., 2011; López-Serna et al., 2012; Peng et al., 2014; Zuccato et al., 2010). 

To our knowledge, the present study is the first to use this paired approach to assess 

Table 2.4 . 

RQ parameters used to calculate RQs for drinking water from wells 

DWI Adults  2.05L/d-1     

DWI (Children 6-11) 1.55L/d-1     

FOE 350d/yr.=0.96        

BW (Adults) 60kg (50th percentile)   

BW (Children 6-11) 36kg (50th percentile) 

ADI-SMX 130a 

ADI-ETM 40a 

ADI-DAN 2.4b 

DWI=Daily water intake, 

FOE=Frequency of exposure 

BW=Body weight 

ADI= Acceptable daily intake  
aB.W. Schwab et al. (2005)                      
bWorld Health Organization. (1994) 
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antibiotic pollution in this region of North Carolina over different seasons. Furthermore, 

while antibiotic pollution in urban streams is gaining more attention due to the spread of 

antibiotic resistance, rural systems have received far less attention. 

In a recent review published by Danner et al. (2019), there have only been nine 

studies in the United States that have reported antibiotics in stream and river networks. In 

comparison to those studies, the maximum concentrations reported in surface waters were 

considerably lower compared to levels found in our study, aside from a study conducted 

by Archundia et al. (2017). The latter study found SMX concentrations to be 1.9 μg/L, 

while our study found SMX levels as high as 1.2 μg/L. Of the four antibiotics targeted in 

our study, only SMX and ETM were reported in the Danner et al. (2019) review, again 

showing the novelty of using the two-pronged approach when investigating antibiotics. 

Our study was able to capture antibiotics that may not have been reported in the literature 

due to the targeted approach. 

The maximum concentrations of antibiotics obtained in our study are generally 

lower than those reported in other rural areas outside of the United States. Dinh et al. 

(2017) reported concentrations as high as 12,850 ng/L in rural catchments in France. 

Findings from the present study found concentrations as high as 1227 and 1740 ng/L in 

streams and groundwater, respectively. Maximum sediment concentration in our study 

(400 ng/g) was lower than levels reported by Dinh et al. (2017) (3500 ng/g).  

Overall, the antibiotic detection frequencies observed in groundwater were similar 

to or lower than those reported in other rural studies (Fram and Belitz, 2011; Gottschall et 
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al., 2012; Hu et al., 2010; Lapworth et al., 2012; Tong et al., 2014). In comparison to 

Kibuye et al. (2019) and Schaider et al. (2016) where SMX was found in 58% and 45% 

of the wells sampled, respectively; our study detected SMX in 40% of groundwater. 

Antibiotics detected in the present study varied with respect to human and veterinary 

uses, as might be expected in rural areas supporting animal husbandry (Table 2.4). Of the 

antibiotics detected, 33% were solely veterinary antibiotics, including DAN, ENR, SFQ, 

LMC, and SFG. DAN concentrations demonstrated in our study were the highest among 

quantified antibiotics across each season in surface water, groundwater, and stream 

sediment, indicating that antibiotic use for animal husbandry is a potential threat to water 

quality in the region. DAN is not commonly reported in the literature, so further 

investigations into DAN in rural freshwaters are necessary to determine if its occurrence 

is regional or widespread. The occurrence of DAN is also a cause of concern for 

ecological and human health based on limited data that has reported its risk. Yassine et al. 

(2017) demonstrated that DAN degradation could give rise to products more toxic than 

itself. While the human health risk appears to be below the cause of concern for humans, 

most risk assessments do not account for the resistance that can occur from their 

exposure. Xia et al. (2011) investigated fluoroquinolones (classifying group of antibiotics 

DAN is included in) resistant Escherichia coli isolates and their horizontal transmission. 

It was shown that in patients and pigs sampled in the study, plasmid-mediated 

fluoroquinolone resistance genes (qnrS and aac (6′)-Ib-cr) were detected in both (Xia et 

al., 2011). This demonstrates the ability for DAN to spread resistant microbes to non-

target species. 
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The present study found that antibiotic concentrations were not high enough to 

pose a significant human health risk based on risk assessments. However, single exposure 

antibiotic treatments have been shown to cause alterations to the human gut microbiome, 

which in turn can have negative implications on human health (reduced immune 

homeostasis, increased susceptibility to infection) (Francino, 2016). Antibiotic-induced 

microbiota alterations can remain after long periods, spanning months and even years (De 

La Cochetiere et al., 2005; Jernberg et al., 2007; Dethlefsen et al., 2008; Dethlefsen and 

Relman, 2011). These antibiotics can also give rise to resistant microbes as shown by 

Yan et al. (2013) with the antibiotic SMX. 

Single compound exposure scenarios that assess risk are unrealistic due to the 

mixture effect of multiple contaminants (Leung et al., 2012). While the individual 

concentrations of antibiotics in aquatic environments may be low, the combined 

concentrations could result in significant toxicity (González-Pleiter et al., 2013). Thus, 

studies such as ours are important for documenting human exposure to antibiotics in rural 

areas. These residents are disproportionately exposed to a suite of antibiotics, and it is 

important not only to identify potential for short term health risk but to gain an 

understanding of low-level chronic exposure risks of antibiotic mixtures in drinking 

water. 

Pharmaceutical residues deposited on land from veterinary sources can run off to 

streams, raising the concentration of antibiotics in stream surface water (Matsui et al., 

2008). Results from Campagnolo et al. (2002) strongly indicate that antibiotic application 

in animal husbandry, especially including cattle, swine, and poultry, on surrounding 
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farms is a contributing source of veterinary antibiotic pollution in streams. While DAN is 

a strictly veterinary antibiotic, our study found that SMX, SMR, and ETM have both 

human and animal applications. Thus, the detection of those antibiotics in the present 

study was likely influenced by both agricultural and residential uses. Therefore, 

identifying the point sources of antibiotic pollution in rural areas may be a difficult task 

due to the multitude of potential sources (groundwater input and septic leaching). As a 

result of this, more emphasis must be placed on proper disposal of antibiotics by residents 

and changes to land management operations to limit the export of antibiotics from 

farmlands into nearby streams. 

Surface water and stream sediment concentrations in the fall were significantly 

higher compared to the other seasons. Groundwater antibiotic concentrations were higher 

in the winter compared to other seasons (Table 2.3, Fig. 2.3A; 2.3C). The seasonal 

occurrence of antibiotics in aquatic environments can be affected by many factors, and 

the mechanisms are complex (Kümmerer, 2009). These factors include application 

timing, biodegradation and photodegradation, and stream hydrology. While this study 

was not designed to investigate these factors, the results obtained can provide insight into 

the influence of these factors on seasonal occurrence and distribution. In our study area, 

there was no assessment to determine the timing in which antibiotics were administered. 

Fall and early winter application would be consistent with our findings reporting max 

concentrations across compartments in the fall and winter. However, in our region, 

antibiotics are commonly given in animal feed, which is a constant rather than seasonal 

occurrence. Thus, it is likely that environmental factors that affect degradation and 
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hydrology rather than seasonal applications were also important and perhaps more 

important in groundwater and stream antibiotic concentrations. 

Biodegradation and photodegradation influence on antibiotic concentrations in 

surface water and groundwater has been documented in the literature by Kim and Carlson 

(2007), who reported high groundwater concentrations of antibiotics in the winter 

compared to other seasons (Kim and Carlson, 2007). Cheng et al. (2019) reported that the 

degradation of antibiotics tends to be lower in the fall compared to the other seasons, 

which is consistent with our observed higher concentrations in the surface water and 

stream sediments in the fall. Due to a lower temperature and light intensity in late fall and 

winter, lower degradation at the soil surface would facilitate greater antibiotic percolation 

to groundwater (Kim and Carlson, 2007). This scenario is consistent with our 

observations of higher groundwater antibiotic concentrations in winter. It is supported by 

PCA analysis that showed groundwater concentrations of antibiotics were strongly 

related to surface water temperature (Fig. 2.4A; 2.4B). 

Finally, seasonal variability in hydrology constrains antibiotic distribution and 

concentrations in surface water and groundwater (Kim and Carlson, 2007; Yan et al., 

2013; Tang et al., 2015). While rainfall was not measured directly, there was an 

examination of the average precipitation across each season one month prior to sampling. 

In the areas sampled during the study, average rainfall was highest in the spring (2.54–

18.3 cm) compared to the fall (3–9.7 cm)  and winter (4.6–7.6 cm) 

(nwis.waterdata.usgs.gov/nc/nwis/uv, 2019; Timeanddate.com, 2019). Thus, the 

contribution of increased rainfall in the spring likely contributed to lower concentration 
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due to a dilution effect and greater antibiotic export. Along with increased precipitation, 

high temperatures can accelerate the degradation of antibiotics (Dolliver et al., 2008; 

Loftin et al., 2008), which likely also contributed to lower concentrations of antibiotics in 

the spring where temperatures were higher than in the fall and winter. Due to the multiple 

factors influencing antibiotic concentrations across seasons, further study would be 

needed to evaluate their relative importance further. 

Physicochemical properties of each antibiotic alter their distribution in the 

environment (Kolpin et al., 2002). Antibiotics used in the present study had different 

physicochemical properties, most notably their adsorption properties and water solubility 

(Table 2.1). Sulfonamides (SMX and SMR) have high water solubility compared to the 

other antibiotics quantified, and SMX is more soluble than SMR (610 mg/L vs. 202 

mg/L, respectively). As a result, the high water solubility of the two sulfonamides 

contributed to their presence in surface water and groundwater. Furthermore, SMX was 

detected in higher frequency in surface water and groundwater compared to sediment, 

while SMR was detected more frequently in sediment compared to surface water and 

groundwater (Fig. 2.2A; 2.2B; 2.2C). Their differential solubility likely influenced these 

differences. Interestingly, less soluble fluoroquinolone and macrolide antibiotics (DAN 

and ETM, respectively) had higher detection frequencies in water compared to sediment. 

The difference stemming from factors within the environment that likely changed the 

adsorption dynamics of these compounds, particularly total suspended solids and organic 

carbon content at sampling sites. Giang et al. (2015) found that antibiotics can have 

extended half-lives as a result of binding to sediment or soil particles. The extended half-
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life of antibiotics studied by Giang et al. (2015) are the same classes as those investigated 

in the present study. Adsorption dynamics and half-life once bound to solid particles 

creates a vehicle to which antibiotics can enter surface water and groundwater by 

regenerating into the water column from sediment due to weak adsorption properties and 

low organic matter content and microbial activity (Giang et al., 2015). 

The adsorption and desorption of antibiotics are associated with parameters such 

as pH and water content. Boxall et al. (2002) found that pH can affect the sorption and 

mobility of antibiotics. High sediment pH has been shown to decrease the sorption of 

sulfonamides (Kim et al., 2010). Decreases in pH result in increased sorption of the 

cationic forms of antibiotics. These electrostatic interactions are believed to be the 

favored sorption mechanism for sulfonamides and macrolides (Wegst-Uhrich et al., 2014; 

Fernández-Calviño et al., 2015; Wang and Wang, 2015; Liu et al., 2017). Quinolones are 

susceptible to be adsorbed in solid particles (Zhang and Dong, 2008), which can be 

affected by pH. This explains DAN frequency of detection being higher in water versus 

sediments where total suspended solid levels were high in comparison to low organic 

carbon in sediments. Groundwater pH was typically lower than that of surface water, 

suggesting that a higher pH of surface water may have influenced the mobility of 

antibiotics between the compartments. Results from the PCA analysis showed a 

correlation between groundwater pH and surface water antibiotics concentrations (Fig. 

2.4A; 2.4B). 
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Conclusion 

Findings from our study demonstrate the seasonal occurrence and distribution of 

15 antibiotics with human and veterinary applications in surface water, groundwater, and 

stream sediments in the Piedmont of North Carolina. Our study has presented some 

unique findings that illustrate the need for non-targeted as well as targeted approaches to 

environmental antibiotic assessment. The high frequencies and relatively high 

concentrations of veterinary antibiotics observed confirm that these rural streams were 

heavily influenced by the agricultural use of antibiotics in surrounding areas. Our 

findings, consistent with literature reports, suggest no one factor solely contributes to the 

seasonal difference of antibiotics across compartments. Specifically, assessing each factor 

was beyond the scope of our study, and further research is warranted. There are limited 

studies that have assessed the occurrence of antibiotics in rural areas of the United States. 

The hazard these contaminants pose on the ecosystem and human health makes this an 

imperative research focus. As more synthetic chemicals enter water systems, the need to 

understand their presence and impact is highly relevant and warrants more extensive 

monitoring in rural areas. As rural areas become more urbanized due to development and 

population increase, further study of antibiotic pollution in freshwater will become 

increasingly important. The present study provides not only baseline information on 

antibiotic occurrence in the Piedmont region of North Carolina. It also provides insight 

into the potential health risk rural residents may face due to chronic exposure from the 

consumption of groundwater contaminated with antibiotics that feed wells. North 

Carolina is 2nd in the United States for swine operations and houses other livestock that 
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are fed antibiotics. Results from our study can be translated to areas in the United States 

and globally where farm operations are housed in rural communities with a similar or 

greater population size that are reliant upon groundwater for personal and household 

usage. 
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CHAPTER III 

THE SEASONAL OCCURRENCE OF ANTIBIOTICS IN URBAN STREAMS OF 

GREENSBORO NORTH CAROLINA 

 

Authored by Austin Gray  

Abstract 

Antibiotic pollution in aquatic systems is a concern for human and environmental health. 

Concern is largely due to the global occurrence of antibiotic-resistant bacteria. From 

2017-2018 in the NC Piedmont, I detected 15 predicted antibiotics in rural streams and 

groundwater via non-target screening. Antibiotics confirmed through target analysis had 

concentrations as high as 1.8 g/L. As a follow up to that study, I investigated antibiotic 

occurrence in urban streams in Greensboro, NC, USA. In the fall, winter, and spring 

seasons, I collected surface water and sediment from eight urban streams sites. Sampling 

was conducted at streams sites above and below municipal hospitals and wastewater 

treatment facilities in the study area. Findings from my study detected ten predicted 

antibiotics in urban stream surface water and sediment. Four antibiotics were confirmed 

through targeted analysis. Concentrations of target antibiotics were all below the level of 

quantification. I found no significant difference in the number of antibiotics detected in 

the fall, winter, and spring surface water and sediment samples. I did observe that each 

target antibiotic was detected in the fall, specifically at my site downstream of a 
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decommissioned wastewater treatment facility and downstream of community hospitals. 

While the concentration of antibiotics was below quantification limits, their presence in 

the environment can still apply external pressure on microbes within the environment that 

can facilitate the development of bacterial resistance and the transfer of resistant genes to 

non-target species. As antibiotic pollution becomes more prevalent in freshwater and 

resistance becomes a global health problem, it is important to evaluate the occurrence of 

these contaminants and monitor them over time. 

 

Keywords: Surface water, Sediment, Extreme flooding events, Wastewater, Discharge 

 

Introduction 

Streams and rivers in urban areas face several environmental challenges, 

including the introduction of synthetic chemicals into their waters (Grimm et al. 2008). 

The USEPA has classified pharmaceuticals as “contaminants of emerging concern” 

(USEPA 2008). Antibiotics are a class of pharmaceuticals that have been documented in 

freshwater systems, both domestic and abroad, due to their use in human and veterinary 

medicine (Liu and Wong, 2013). Once consumed, antibiotics are partially metabolized by 

humans and animals, with 30-90% of the excreted antibiotics remaining unaltered or as 

an active metabolite (Masse et al., 2014). In the United States, Kolpin et al. (2002) 

conducted a national reconnaissance investigating 139 streams in the United States for 

organic contaminants. Kolpin et al. (2002) discovered that streams receiving agricultural, 

municipal, and industrial wastewater appear to be the most affected by antibiotic 
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pollution.  Wastewater treatment facilities (Michael et al., 2013), hospitals, health care 

facilities, and clinics (Al-Maadheed et al., 2019) are considered “hotspots” for antibiotic 

release into aquatic ecosystems, specifically streams. Wastewater treatment plants are not 

efficient at removing antibiotics prior to release into the environment (Gobel et al., 2005; 

Nakada et al., 2007). Thus, their incomplete removal introduces a variety of antibiotics 

and their metabolites into aquatic ecosystems.  

Antibiotic pollution is poorly regulated on a local and global scale (Boy-Roura et 

al., 2017), resulting in no restrictions on their release into waterways. While it has been 

established that wastewater from treatment facilities and hospitals are major contributors 

to antibiotic pollution via effluent discharge, there remain other contributors. Urban 

waterways are severely impacted by stormwater, which in turn can result in sewage 

overflows and leakage during flood events (Parker et al., 2010; Sauer et al., 2011). 

Leakage and overflows can ultimately introduce various organic contaminants, such as 

antibiotics, into local waterways. Regulating the release of antibiotics is difficult due to 

the multiple pathways in which they can enter the environment.  

The most notable environmental impact of antibiotic pollution that has become a 

public health issue pertains to antibiotic resistance. The introduction of antibiotics into 

waterways has given rise to the development of antibiotic resistance in bacterial 

communities (Rosi et al., 2018; Marti et al., 2014; Yang et al., 2018). Bansal (2019) 

identified the five major factors causing antibiotic resistance are: (1) over prescription of 

antibiotics by physicians; (2) overuse of antibiotics in aquaculture and animal farming; 

(3) poor hygiene, poor infection control in health care and inadequate sanitation; (4) 
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improper disposal of wastes produced by health care centers; and (5) the non-discovery 

of new antibiotics. The transport of surface water containing resistant bacteria to 

reservoirs downstream presents a pathway for citizens to become infected. Health issues 

surrounding antibiotic resistance has led scientists to predict that by 2050 ten million 

people may be killed as a result of resistant bacteria (O’Neil 2014).  

 From 2017 to 2018 I investigated the seasonal occurrence and concentration of 

antibiotics in rural streams and groundwater in the Piedmont of North Carolina (NC) 

(Guilford, Randolph, and Alamance County) (Gray et al., 2020). I detected 15 human and 

veterinary antibiotics, with levels as high as 1.2 ug/L in surface water, 1.8 ug/L in 

groundwater, and 400 ug/kg in stream sediments. The objectives of the current study 

were to investigate the seasonal occurrence and concentration of antibiotics in urban 

streams of Greensboro, NC, USA (339.81 km2; 13.7 km2 of water; population 287,027), 

located within Guilford County (U.S. Census 2016). I also set out to compare any 

similarities or differences surrounding antibiotic pollution in urban streams in Greensboro 

versus the previously studied nearby rural streams. I hypothesized that antibiotic 

occurrence and concentrations would be higher at sites below “hotspots” (wastewater 

treatment plants and hospitals) in the urban streams.  

Methods 

Study sites and sample collections 

I sampled eight urban streams in Greensboro, North Carolina, USA (Blum et al., 

2018; Table 3.1; Figure 3.1). Site 1 was located above the Cone Health Wesley Long 
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Hospital along North Buffalo Creek. Site 2 was located downstream of the Wesley Long 

Hospital at Aycock Street. Site 3 was downstream of site 2 in a residential neighborhood 

in Latham Park, upstream of the Moses H Cone Memorial Hospital. Site 4 located 

downstream of The Moses H Cone Memorial Hospital at Church Street. Site 5 was 

located above the North Buffalo Wastewater Treatment Plant behind the Guilford 

Preparatory Academy. Site 6 was located upstream of the TZ Osbourne Treatment Plant 

along South Buffalo Creek. Sites 7 was downstream of the TZ Osbourne Treatment Plant 

and site 8 was downstream of the North Buffalo Wastewater Treatment Plant. Each urban 

stream had environmental samples collected along a designated stream reach of 100-200 

m. Sampling was conducted from the fall of 2018 (October) until the spring of 2019 

(April). My sampling efforts reflected the fall, winter, and spring seasons. Prior to 

October 2018, the North Buffalo Wastewater Treatment Plant was decommissioned in 

October 2017, ultimately leaving the TZ Osbourne Treatment Plant to process the city’s 

wastewater. My collections took place following the decommissioning of the North 

Buffalo Wastewater Treatment Plant. Streams sampled in the present study are a part of 

the Cape Fear River Basin and included North Buffalo Creek (Sites 1,2,3,4,5,and 8) and 

South Buffalo Creek (Sites 6 and 7). Discharge data were available via USGS monitoring 

stations for North Buffalo Creek (ID: 02095271) (near site 4 at Church Street) and South 

Buffalo Creek (ID: 02094659) (downstream of site 6). Streams utilized in the study 

represented both low order streams (2nd-3rd order) in residential areas of Greensboro, and 

higher-order streams (4th order) below and above wastewater treatment facilities.  
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Table 3.1. 

GPS coordinates of stream sampling sites, hospitals, and water treatment facilities 

in Greensboro 

Site Latitude  Longitude 

Site 1 (Wesley Long Community Hospital) 36.0817766 -79.828415 

Site 2 36.0795061 -79.8137788 

Site 3 36.0913601 -79.7923339 

Site 4 36.095179 -79.7832275 

Site 5 36.1105632 -79.7456256 

Site 6 36.089346 -79.6881656 

Site 7 36.1121217 -79.67398 

Site 8 36.1301417 -79.6765681 

TZ Osbourne WWTF 36.09956 -79.69022 

North Buffalo WWTF (Decommissioned) 36.108589 -79.74453 

Greensboro Water Resources 36.04173 -79.79298 

Moses H Cone Memorial Hospital 36.0919137 -79.7862503 

 

To constrain for flow effects, streams sites were sampled at periods of baseflow. 

At each stream site, pH, conductivity, and dissolved oxygen were recorded before 

collection. 2 L of composite surface water was collected along the designated reach at 

each site in 4 L critically cleaned amber jugs. Sediment samples consisted of three 

randomly collected sediment cores (0-5 cm in depth) along the stream reach and stored in 

250 mL amber jars. Surface water and sediment collections were in accordance with 

Yang and others (Yang et al., 2010; Yan et al., 2013) and stored on ice and transported to 

the laboratory at the University of North Carolina at Greensboro to undergo preparation 

for mass spectrometry analysis.  
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Non-target and targeted analysis 

Extractions of environmental samples took place within 24 hours post collection. 

Prior to extraction, surface water samples were filtered (0.7 m GF/F grade), and pH was 

adjusted to 4 using H2SO4, and 0.2 g of  Na-EDTA added to serve as a chelating agent. 

SPE extraction of surface water was in accordance with Yan et al. (2013) using Oasis 

HLB 500 mg (Waters, Andover MA). Samples were then evaporated to dryness under 
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nitrogen and reconstituted in 1 mL of methanol. Samples were stored at -20 ºC until mass 

spectrometry analysis. Before analysis, samples were transferred to 96-well plates. 

Stream sediment samples were homogenized before being transferred to 50 mL 

falcon tubes for initial freezing in a -20ºC freezer for 24 h. Following initial freezing, 

samples were then placed in a freeze dryer for up to 72 h. Extracts then underwent SPE 

extraction with methanol and DI water at a flow rate of 5-10 mL per minute using a 

vacuum extraction manifold (Kim and Carlson, 2007). The extracts were evaporated to 

dryness under a gentle stream of nitrogen and reconstituted in 1 mL of methanol, then 

stored in 20 mL vials in a -20 ºC freezer until analysis. Before mass spectrometry 

analysis, samples were transferred to 96-well plates (Gray et al., 2020). 

Mass spectrometry analysis 

I implemented an untargeted mass spectrometry analysis to identify predicted 

antibiotics. I identified potential antibiotics based on the mass ([M+H]+ m/z ion values) of 

known antibiotics using MZmine Software. Following the untargeted analysis, I then 

conducted a targeted mass spectrometry analysis of selected antibiotics. This approach 

was utilized in my previous study (Gray et al., 2020). The initial untargeted analysis was 

performed using an LTQ Orbitrap XL coupled to an Acquity Ultra Performance Liquid 

Chromatography (UPLC) system (Waters Corporation) in positive mode. LTQ Orbitrap 

XL was calibrated and configured in accordance with Pugajeva et al. (2017).  

 Targeted antibiotics consisted of those most commonly identified from my rural 

study and were also present in urban streams. Antibiotics targeted were sulfamethoxazole 

(SMX), sulfamerazine (SMR), danofloxacin (DAN), and erythromycin (ETM) (Table 



56 
 

3.2; Table 3.3). The target analysis was conducted using a TSQ Quantum Access triple 

quadrupole mass spectrometer coupled to an Acquity UPLC (Waters Corporation). As 

with the non-target analysis, this approach utilized an Acquity HSS T3 column (50 mm x 

2.1 mm, i.d. 1.8 mm).  

 

Table 3.2.  

Antibiotic profile of target antibiotics and physicochemical properties 

Class Compound Abb. CAS No. pKa LogKow 

Solubility 

mg L-1 

Sulfonamide             

(SAs) Sulfamethoxazole SMX 723-46-6 1.6/5.7 0.89 610 

 Sulfamerazine SMR 127-79-7 2.01/6.99 0.14 202 

Fluoroquinolone           

(FQs) Danofloxacin DAN 

112398-08-

0 6.22/9.43 0.44 20 

Macrolide                     

(ML) Erythromycin ETM 114-07-8 7.7/8.9 1.6-3.1 0.45-15 

 

 

Standards for selected antibiotics were purchased from Sigma-Aldrich. 

Calibration standards were prepared by diluting individual stock solutions (5 mg/L of 

each antibiotic) in methanol 24 h before mass spec analysis. The method was validated 

through the estimation of the linearity range using external calibration curves (R2 ≥0.99), 

level of detection (LOD), and level of quantification (LOQ). LOD and LOQ were in 

accordance with those described by Baber (1994) and Shrivastava and Gupta (2011) by 

utilizing the standard deviation of the response and slope obtained from my calibration.  

Table 3.3. 

Optimized mass spec parameters with Triple Quad settings, detection parameters and 

recovery analysis. 

Antibiotic [M+H]+ 

Fragment 

ions 

Collision 

Energy 

LOD 

(n=3) 

LOQ 

(n=3) 

% Recovery 

(n=3) 

SMX 254 156,   92 16v 3a 10a 120a/92.5b/108.9c 

SMR 265 172,  110 16v 3a 11a 65a/103.2b/102.1c 
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Statistical analysis 

To assess the difference in the occurrence of targeted antibiotics in the fall, 

winter, and spring surface water and sediments, I conducted a Kruskal-Wallace test due 

to the assumption of normality not being met for an Analysis of Variance test. I used 

“site” to serve as a replicate in my model. Significance was set at α=0.05.  

Results  

 Surface water measurements (pH, conductivity, dissolved oxygen, and 

temperature) can be found in Table 3.4. Non-target analysis with the LTQ Orbitrap 

allowed me to detect probable antibiotics across the eight sites within the study area 

based on ions associated antibiotics (Table 3.1; Table 3.5; Fig. 3.1). Eight predicted 

antibiotics were detected solely in stream surface waters, including DAN, ETM, ENR, 

GC2, SPM, NCM, PEN-V, and LCM (Table 3.5, Fig. 3.2A). DAN was the target 

antibiotic that was frequently detected in surface water. In the fall, DAN was detected in 

63% of surface water samples. In the winter, DAN was detected in 88% of the surface 

water samples. Lastly, in the spring, DAN was not detected at any study sites. Overall 

surface water detection frequency of target antibiotics detected throughout the entire 

study (fall, winter, and spring) ranged from 0 to 63%. In stream sediments, SMX and 

DAN 358 255,  215 37v 6a 20a 101a 

ETM 734 576,   88 35v 5a 15a 101a/101.4b/128.4c 

SMX; Sulfamethoxazole, SMR; Sulfamerazine, DAN; Danofloxacin, ETM; 

Erythromycin. LOD and LOQ are in ng/L. Level of detection (LOD), level of 

quantification (LOQ). Bold face values were used for quantification analysis. 
aGray et al., 2020 
bYan, C. et al. (2013) 
cKim, S. C., & Carlson, K. (2007) 
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SMR were the only confirmed and targeted antibiotics detected with overall stream 

sediment detection frequencies ranging from 0 to 17% (Fig. 3.2B). SMR was the only 

antibiotic that was detected in both compartments throughout the study period. Of the 

four target antibiotics, DAN was the only exclusively veterinary antibiotic. SMX, SMR, 

and ETM are each used in human and veterinary medicine (Table 3.5).  

 

Table 3.4. 

Measurements of surface water taken at each site over study period.  

 pH Conductivity (S/cm) Temp(°C) DO(mg/L) 

Site 1 7.93 ± 0.38 203.73 ± 46.24 12.57 ± 6.27 8.95 ± 1.8 

Site 2 8.2 ± 0.21 181.2 ± 73.80 12.77 ± 6.61 10.3 ± 2.4 

Site 3 8.3 ± 0.75 278.5  ± 105.16 12.67 ±.51  7.33 ± 1.38 

Site 4 7.83 ± 0.17 268.03 ± 88.75 13.47 ± 5.77 7.4 ± 1.6 

Site 5 8.17 ± 0.39 232.97 ± 121.52 14.9 ± 4.4 8 ± 0.73 

Site 6 7.93 ± 0.17 371.67 ± 138.43 16.8 ± 2.5 7.73 ± 0.09 

Site 7 7.93 ± 0.05 170.7 ± 44.83 17.05 ± 2.25 7.4 ± 0.22 

Site 8 8.3 ± 0.32 215.00 ± 111.32 NA 6.9 ± 0.41 

 

My investigations into antibiotic pollution upstream and downstream of 

designated "hotspots" (hospitals and wastewater treatment plants) uncovered several 

findings. At my site upstream of the Wesley Long Hospital, I detected three predicted 

antibiotics in surface water (DAN, GC2, and LCM) and one in sediment (SMX). The 

predicted antibiotics detected upstream of the Wesley Long Hospital were not observed at 

my site downstream of the Wesley Long Hospital. Downstream of the Wesley Long 

Hospital, ions associated with SMR, SPM, and PEN V were detected throughout the 

study period. While SMR was confirmed through target analysis and was detected at 

other sites in the study. SPM and PEN V were not confirmed through target analysis, so 

the presence of those antibiotics there cannot be definitively stated as such.  
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Upstream of the Moses H Cone Memorial Hospital, I detected target antibiotics 

SMR, DAN, and ETM in surface water and SMR in sediment in the fall. This site was an 

intermediate sampling site between the two hospitals as it was also downstream of the 

Wesley Long Hospital (Fig. 3.1). Here, the only antibiotic I detected that was the same as 

the site upstream of the Cone Memorial Hospital was SMR, although its occurrence was 

in a different season. Antibiotics detected upstream of the Cone Memorial Hospital were 

only detected in the fall and winter season. Downstream of the Cone Memorial Hospital, 

the only antibiotic detected that was also detected upstream of the hospital was DAN.  

Upstream of the North Buffalo Treatment Plant I detected DAN again in surface 

water DAN was only detected in the fall and winter. Downstream of the North Buffalo 

Treatment Plant I detected seven predicted antibiotics in surface water and two in 

sediments (Table 3.5). This site I detected a greater amount of predicted antibiotics than 

any other sampling site. Interestingly, each targeted antibiotic was detected at this site. 

Downstream of the TZ Osbourne Plant, I detected SMR in surface water, while SMX and 

SMR were both detected in sediments.  

When assessing the frequency of detection for all target antibiotics, there was no 

difference among seasons (p>0.05). Only in the fall season were all antibiotics detected. 

DAN and ETM were detected in the winter, SMR and ETM were detected in the spring 

(Fig.3.2A; 3.2B).  



60 
 

 

 

Target analysis 

I conducted a targeted analysis of the antibiotics SMX, SMR, DAN, and ETM. 

Target analysis revealed that concentrations of each antibiotic in surface water and 

sediments were either not detected or below the level of quantification (Table 3.3). Since 
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I observed no values above the level of quantification, I could not perform statistical 

analyses to compare concentrations across sites or seasons.  

 

 

Discussion and Conclusion  

Previous assessments into antibiotic pollution have mainly been focused on 

streams receiving wastewater (Kolpin et al., 2002; Bradley et al., 2016) and may have 

over or underestimated the hazard of antibiotic pollution, as other sources also may 

contribute to antibiotic pollution. My study found distinct antibiotic occurrence at sites 

Table.3.5 

Overview of predicted antibiotics detected with LTQ Orbitrap and the seasons, sites, and 

compartment they were detected in. 

[M+H]+  

Calc. 

[M+H]+ 

Exp. 

Predicted 

Antibiotics Usage Season  Site  Compartment 

254.0594 254.06 Sulfamethoxazole* 

Human & 

Vet  Fall 1,7,8 Sediment 

265.0753 265.08 Sulfamerazine* 

Human & 

Vet  

Fall and 

Spring  2,3,7,8 

Surface water & 

Sediment 

358.1561 358.15 Danofloxacin* Veterinary 

Fall and 

Winter 1,2,3,4,5,8 Surface water  

734.4685 734.46 Erythromycin* 

Human & 

Vet  

Fall, 

Winter, 

and Spring 3,8 Surface water  

478.3235 464.34 Gentamicin C2 

Human & 

Vet  

Fall, 

Winter, 

and Spring  1,4,5,6,7,8 Surface water  

333.1656 333.16 Spectinomycin 

Human & 

Vet  

Fall, 

Winter, 

and Spring  2 Surface water  

360.1717 360.17 Enrofloxacin Veterinary 

Fall, 

Winter, 

and Spring  8 Surface water  

407.221 407.22 Lincomycin Veterinary 

Fall and 

Spring  1,4,8 Surface water  

699.4426 699.44 Neospiramycin Veterinary Spring  8 Surface water  

351.1009 351.1 Penicillin V 

Human & 

Vet Fall 2 Surface water  
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upstream and downstream of designated "hotspots" (WWTF and hospitals) and a site that 

historically received wastewater. 

Although I was not able to quantify the concentrations of the target antibiotics in 

the present study, I did detect ten predicted antibiotics in stream surface waters and 

sediments. In my previous study (Gray et al., 2020) investigating antibiotic pollution in 

rural streams and groundwater of the NC Piedmont, I was able to quantify the four 

antibiotics confirmed through target analysis. Targeted antibiotic detection frequencies in 

urban stream surface water (13 to 46%) and sediments (13 to 17%) was lower in 

comparison to those obtains from rural streams surface water (31 to 77%) and sediments 

(38 to 58%). 

My inability to quantify concentrations of antibiotics may be the result of 

analytical extraction errors. Upon bringing water samples back to the laboratory to 

prepare for mass spectrometry analysis, samples were filtered (as described in the 

methods), then the filters were discarded. The filters collected suspended sediment 

particles. Antibiotics have an affinity to bind to suspended solids (Oberoi et al., 2019). 

Antibiotics that may have been bound to suspended solids captured during the filtering 

process (discarded after use) may have reduced their actual concentrations. This may 

have contributed to the low concentrations of antibiotics in surface water and sediment, 

although this is not entirely certain. To best constrain for the possibility of this in future 

studies, aside from not filtering samples, I would not reconstitute my eluent down to 1 

mL as I did in the present study. Instead, I would use a more concentrated volume (100 
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L). Utilizing these steps in future work will help adequately measure antibiotics in 

surface water by accounting for those present in the water and bound to suspended 

particles. 

My initial hypothesis that antibiotic occurrence would be higher downstream of 

wastewater treatment facilities and hospitals was supported by my data. Specifically, my 

site downstream of the North Buffalo Treatment Facility was the site where each target 

antibiotic was detected. This was an interesting finding because site 8 is located below 

the decommissioned North Buffalo Treatment Plant that serves as a transfer pump 

station. The plant had been decommissioned for over a year before sampling. Antibiotic 

residues or potential waste leaching into surface waters may explain the high occurrence 

at this site. However, downstream of the TZ Osbourne, I expected to find higher 

occurrences of antibiotics due to the wastewater treatment facility being active. However, 

at this 4th order stream, I detected almost the same number of antibiotics as those 

detected at 2nd order streams. The lower occurrence of antibiotics downstream of the TZ 

Osbourne compared to the decommissioned treatment plant may be attributed to the 

release of treated effluent into South Buffalo Creek diluting antibiotics from upstream 

flow. The TZ Osbourne has the capacity to handle 56 million gallons per day (MGD) and 

has an average daily load of 33.11 MGD (NCDEQ). During the study period, the 

upstream mean daily discharge at South Buffalo Creek was 24.6 million gallons per day 

(https://nwis.waterdata.usgs.gov/nc/nwis/uv). Thus, the discharge of effluent into the 

stream may have diluted antibiotic concentrations below the detection limit.  

https://nwis.waterdata.usgs.gov/nc/nwis/uv
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My data suggest that there was an influence of hospitals in contributing to 

antibiotic pollution. SMR was detected at other downstream sites, but not above the 

hospital, SMR may have had another source contributing to its occurrence in surface 

water and sediment at other study sites throughout the study period but does suggests that 

hospitals may have been a point source contributing to antibiotic pollution. It is important 

to note that hospitals in Greensboro, NC, do not have discharge permits so their 

wastewater is transported to the external city treatment plant. However, hospital 

wastewater may have been leaking into nearby streams due to degraded sewage pipes.  

The higher occurrence in the fall compared to the winter and spring may also be 

the result of sewage overflows that occurred prior to my sampling in September and 

October in 2018. During this time, overflows that resulted from Hurricane Matthew 

released 3.5 million gallons of raw sewage into waterways in Greensboro, NC 

(Matsuoka, 2019). The USEPA has stated that these sewer system overflows (SSOs) can 

threaten water quality and contaminate water systems. Such overflows likely introduced 

antibiotics into streams throughout the city. The overflow of raw sewage likely explains 

the higher occurrence of antibiotics in the fall compared to winter and spring. The 

increased loading of sewage may have diluted antibiotic concentrations, resulting in my 

<LOQ results for targeted antibiotics.   

DAN was the target antibiotic with the highest detection frequency throughout the 

study period (Fig. 3.2A). DAN was also frequently detected in surface waters from my 

previous rural stream assessment (Gray et al., 2020). DAN is a veterinary antibiotic, and 
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its high detection in urban streams was an interesting result. DAN falls under the 

fluoroquinolone class of antibiotics. Antibiotics in this class have a degree of resistance 

from microbial degradation that allows them to persist in various aquatic habitats 

(Robinson et al., 2005; Ramos-Payan et al., 2011). Its occurrence in urban streams (Table 

3.5) while not uncommon, suggests another source contributing to antibiotic pollution in 

urban waters aside from improper disposal down drains, accidental dumping, and leakage 

from sewage pipes. Runoff of animal waste from pet feces retaining residual antibiotics 

has been a pervasive problem in Greensboro, NC, ultimately polluting surface waters 

(City of Greensboro, 2019). DANs prevalence throughout all study sites in the fall and 

winter seasons may be the result of increases in runoff or usage rate in the area compared 

to the spring.  

While quantification analysis of the target antibiotics was not possible in the 

present study, there still lies an ecological cause of concern of these antibiotics due to the 

spread of antibiotic-resistant microbes. Andersson and Hughes (2014) found that even at 

low concentrations, antibiotics can promote the development and transfer of antibiotic-

resistant genes. Rates of antibiotic resistance (2% to 70%) have been demonstrated in 

literature for classes of antibiotics detected in the present study (i.e., sulfonamides and 

fluoroquinolones) (Rizzo et al. 2013; Novo et al., 2013). The presence of these multiple 

classes of antibiotics in urban waters is also a concern due to the unknown complexity of 

mixtures and their environmental impact. Surface water can be transported downstream 

to reservoirs that provide drinking water to residents. This presents a vehicle for resistant 

bacteria to reach humans either through contact in streams, or possible consumption in 
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drinking water. The presence of antibiotics in aquatic ecosystems presents an ideal 

environment for resistant bacteria to spread resistant genes to other microbes. Due to the 

various challenges antibiotic pollution poses for human and environmental health, the 

assessment of antibiotics in domestic, urban, hospital, and residential waters is a crucial 

research focus. Thus, it warrants further investigations as urbanization expands, and 

water systems become more compromised. The lower occurrence and concentration of 

antibiotics detected in urban streams compared to rural, highlights the need to dedicate 

more research attention to rural communities.  
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CHAPTER IV 

 

SULFAMETHOXAZOLE, CIPROFLOXACIN, AND ERYTHROMYCIN 

ASSOCIATED WITH CORBICULA FLUMINEA : A COMPARISON OF SINGLE VS. 

MIXTURE EXPOSURE 

 

 

Authored by Austin Gray 

Abstract 

Freshwater bivalves are commonly used as a bioindicator of various pollutants in water. 

The occurrence of antibiotics reported in freshwater is growing globally. The presence of 

bivalves such as Corbicula fluminea (Asian clam) presents a vehicle for natural 

mitigation. These clams may retain antibiotics present in the water column or bound to 

sediment. Due to the different physicochemical properties of various antibiotics, their 

concentrations in bivalves may differ. Laboratory investigations into the impacts of 

antibiotics by bivalves have focused primarily on single exposure assays. Mixture 

assessments remains a research gap. In this study, I exposed C.fluminea to three 

antibiotics, each of a different class (sulfamethoxazole, ciprofloxacin, and erythromycin), 

for 24 hours in the laboratory in single treatments as well as a mixture treatment of all 

three antibiotics, each at a concentration of 1 mg/L. Following exposure, the whole clam 

body was removed from the shell and extracted to measure antibiotic concentrations. I 

found that concentrations of ciprofloxacin and sulfamethoxazole were up to 161 to 164 

times higher than erythromycin. For each antibiotic, the mixture treatment concentration 
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did not differ compared to the single exposure. Based on laboratory findings, C. fluminea 

may accumulate antibiotics. However, concentrations measured include those assimilated 

into tissues, present in the digestive tract, and/or adsorbed to the clam’s external body. C. 

fluminea may serve as an appropriate bioindicator of antibiotic pollution. However, 

further investigations are needed to determine the validity of this due to limitations in the 

present study. 

 

Keywords: Antibiotics; Asian clams; Mixtures 

 

Introduction  

Antibiotic pollution is a growing environmental concern due to unknown effects on 

aquatic biota and ecosystems. The ecological risks of antibiotic pollution are a 

developing research focus as more scientists are pushing for further investigations into 

the toxicological impact of these contaminants (Petrie et al., 2015). A large focus on 

antibiotic exposure has been placed on fish species (Ramirez et al., 2009; Daughton and 

Brooks, 2011; Petrie et al., 2015). Among aquatic consumers, bivalves have been used as 

bioindicators of chronic water/sediment pollution (Marinho et al., 2015; Yusof et al., 

2004). The chapter’s focus is to detail my investigation into measuring three different 

antibiotic concentrations from the Corbicula fluminea or Asian clams, following single 

and mixture exposures.  

 Investigations conducted by Du et al. (2014) found that bivalves accumulated some of 

the highest levels of antidepressants and antibiotics when compared to fish. The findings 
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from Du et al. (2014) highlight the importance of further study of these contaminants in 

bivalves as aquatic ecosystems are more impacted by various synthetic chemicals. Chiesa 

et al. (2018) reported the retention of 29 antibiotics in mussel and clam tissues following 

exposure. It is important to note that the organisms mentioned previously from Du et al. 

(2014) and Chiesa et al. (2018) were from marine systems and not freshwater. The 

occurrence of antibiotics in freshwater is growing on a global scale (Kulkarni et al., 2017; 

Li et al., 2019; Hu et al., 2019). C. fluminea are freshwater and estuarine invertebrates 

found in both lotic and lentic systems. Though their diet can be variable, Asian clams 

mostly consume detrital material from the sediments and phytoplankton from surface 

waters (Cohen et al., 1984; Foe and Knight, 1986). These feeding pathways demonstrate 

avenues for antibiotic accumulation to persist due to antibiotics being present in the water 

column and bound to sediment. The presence of antibiotics in these environmental 

compartments is influenced by the individual physicochemical properties of the antibiotic 

where some have a higher affinity for sorption to sediment compared to others.  

Previous work from my lab conducted in the Piedmont of North Carolina detected 15 

antibiotics in rural/urban streams (Gray et al., 2020). Three common antibiotics reported 

by Gray et al. (2020) were sulfamethoxazole (SMX), ciprofloxacin (CIP), and 

erythromycin (ETM). Each antibiotic has been reported widely in literature (Kolpin et al., 

2002; Burkhet et al., 2019; Nie et al., 2013; Álvarez-Muñoz et al., 2015). Due to this, I 

selected these antibiotics for my assay. Streams in Piedmont, like many in North America 

are highly populated with the invasive bivalve C. fluminea (550 individuals m-2) (Brown 

and Hershey, 2019). Their documented history of being used for the biomonitoring of 
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legacy contaminants makes them an ideal study organism for investigating antibiotic 

uptake (Ilarri and Sousa, 2011).  

Most of what is known about antibiotic uptake or accumulation by C. fluminea is 

limited to single exposure experiments measuring impacts on haemocyte parameters, 

antioxidant enzyme activity, or survival time (Matozzo et al., 2015; Matozzo et al., 

2016). While most risk assessment studies focus on a single chemical, there are no 

applicable guidelines for risk assessment for mixtures, mainly because the effects remain 

unknown (Backhaus and Faust, 2012). In some cases, mixture exposure can result in a 

synergistic or antagonistic effect on organisms (Chen et al., 2007; Yang et al., 2008). 

Thus, single exposure studies are limited because they may not reflect responses of 

organisms to environmental conditions, where contaminants are commonly present in 

mixtures.   

Methods 

Study location and sample collection 

C.fluminea were collected from Latham Park, Greensboro, NC, USA. Latham Park 

contains a fourth order urban stream that is a section of North Buffalo Creek that is not 

influenced by wastewater inputs. This site has been utilized as a frequent study site for 

work involving C. fluminea by my lab (e.g., Brown and Hershey, 2019). C.fluminea were 

collected in April 2019. In total, 60 clams with the average clam length of 18.32 ± 0.02 

mm (mean ± SE) were collected and transported back to the lab along with surface water 
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and sediment. C. fluminea stored in stream water, sediment and surface water were kept 

on ice until transported to the laboratory. 

Microcosm experiment setup 

Once transported to the lab, C. fluminea were placed in a 5 L aquatic tank with 

filtered surface water to serve as a holding tank and allow for depuration until transported 

to microcosms. Water for both the assay and the holding tank was filtered through 0.7 m 

GF/F filters. Microcosms for the study consisted of 300 mL glass mason jars. Before 

constructing microcosms, stock solutions of SMX, CIP, and ETM were prepared (Table 

4.1). Selected antibiotics were purchased from Sigma-Aldrich, and the antibiotic 

solutions were diluted from the stock (5 mg/L) and added to 100 mL of filtered stream 

water to yield a concentration of 1 mg/L for each microcosm. Preliminary experiments 

conducted in my lab found that C. fluminea from this site has residual antibiotics 

concentrations in its tissues. This 1 mg/L concentration was shown to not have any lethal 

effects on the organism and raised the clam concentration above background levels to 

allow adequate quantitative analysis conducted on the Triple Quad instrument. 100 g of 

sediment was added to each microcosm, followed by 100 mL of the spiked antibiotic 

solution (1:1). Control treatments consisted of filtered stream water with no antibiotics 

added. The exposure assay consisted of five treatments (control, SMX, CIP, ETM, and 

SMX+CIP+ETM treatments). Two C. fluminea were placed into each microcosm after 10 

minutes of shaking each microcosm. Settling of the sediment in each microcosm took up 

to one and a half hours. Each treatment had six microcosms totaling 12 C. fluminea per 

treatment (n=60 total). While studies such as Burket et al. (2019) have demonstrated 
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“rapid” accumulation along the order of days to weeks, accumulation ≤ 24 h remain 

limited. For the present study I used an exposure time of 24 h to address this research 

gap.  

 

Table 4.1. 

Physicochemical properties of select antibiotics  

Compound Abb. CAS No. pKa LogKow 
Solubility  

 (mg L-1) 

Sulfamethoxazole SMX 723-46-6 1.6/5.7 0.89 610 

Ciprofloxacin CIP 85721-33-1 6.0/8.8 0.28 1350 

Erythromycin ETM 114-07-8 7.7/8.9 1.6-3.1 0.45-15 

 

 

Tissue analysis 

Following 24 h exposure, clams were removed from microcosms, rinsed with 

deionized water once and placed on foil in a dark room to air dry (24 hours drying 

period). Dried clams were removed from shells and weighed (1.36 ± 0.01g mean ± SE, 

dry weight). Clam extractions followed an amended protocol by Chiesa et al. (2018) 

where the entire clam removed from the shell, homogenized with a handheld tissue 

homogenizer, and then extracted. A similar extraction was also utilized by Burket et al. 

(2019). Dissections were not conducted to measure antibiotics in specific parts of the 

clam. Following extraction, clams were analyzed using a TSQ Quantum Access triple 

quadrupole mass spectrometer (Thermo Fisher Scientific) coupled to an Acquity UPLC 

(Waters Corporation). The level of detection (LOD) and level of quantification(LOQ) 

limits were determined in accordance with those outlined by Baber (1994) and 
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Shrivastava and Gupta (2011) by utilizing the standard deviation of the response and 

slope obtained from my calibration curve (Table 4.2).  

Statistical analysis 

Analysis of the present study samples was conducted using R statistical software 

(version 3.3.2). Kruskal-Wallis tests were used to determine differences in antibiotic 

concentrations across treatments for each antibiotic. Pairwise Wilcoxon rank-sum tests 

were applied as a posthoc test to determine differences among treatments for each 

antibiotic. Graphs were created using GraphPad Prism v8.3.0. Antibiotic concentrations 

below the level of quantification (LOQ) were substituted with ½ LOD for statistical 

analysis (Antweiler and Taylor, 2008). 

Table 4.2.  

Level of detection and quantification of target antibiotics. 

Antibiotic 
LOD LOQ 

(n=3)  (n=3) 

SMX 0.3 1 

CIP 0.5 1.6 

ETM 0.2 0.8 

LOD and LOQ are in g/L.   

 

Results and Discussion 

I found that C. fluminea exposed to SMX, CIP, and ETM had varying levels of each 

antibiotic. Mean concentrations for each antibiotic and treatment can be found in Table 

4.3. ETM mean concentrations from clams in the control treatment were 1.3 times higher 

than the single and mixture treatments (p=0.03, p=0.005; Fig.1A), respectively. For CIP, 
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the mean concentration from the control treatment clams was 70 to 95 times lower than 

single and mixture treatment clam concentrations (p<0.001; Fig.1B). For SMX, the mean 

concentration from the control treatment clams was 92 to 93 times lower than single and 

mixture treatment clam concentrations (p<0.001; Fig.1C). When comparing single and 

mixture assays, I found no significant difference between the two for SMX, CIP, and 

ETM (p=0.98, p=0.24, p=0.67), respectively.  

 

Table 4.3. 

Median and mean concentrations of antibiotics from Triple Quad 

analysis across treatments. 

Antibiotic Treatment  

Median 

concentration 

(ng/g) 

Mean 

concentration 

(ng/g) 

SEM 

SMX Control 0.20 0.51 0.30 

  Single 46.60 46.70 10.90 

  Mixture 36.60 47.60 13.30 

CIP Control 0.20 0.51 0.30 

  Single 37.20 48.30 9.77 

  Mixture 23.90 35.80 9.48 

ETM Control 0.35 0.38 0.02 

  Single 0.30 0.30 0.02 

  Mixture 0.29 0.29 0.02 

Abb: SEM= standard error of measurement 

 

 

I found that 92% of the ETM concentrations reported from clams in the single and 

mixture experiments were below the quantification level. As mentioned previously, 

values that were below the LOQ were supplemented with ½ the LOD (Table 4.2). SMX 

and CIP each have a lower LogKow than ETM (Table 4.1). Low LogKow suggests low 

bioconcentration in aquatic species. Due to the higher LogKow of ETM, I expected higher 

clam concentrations. Despite this, ETM was the antibiotic that had the lowest 
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concentration. The mechanism behind this was not explored in the present study. 

However, it warrants further investigation.  

SMX and CIP high solubilities and low LogKow values suggest both have a 

hydrophilic nature (Daghrur and Drogui, 2013). While solubility is not a factor in the 

present study since all antibiotics were dissolved prior to being added to microcosms, 

SMX, and CIP’s hydrophilic nature suggests low sorption affinity. However, sediment 

and surface water concentrations were not measured, so the distribution of antibiotics 

amongst each environmental compartment is unknown. Although ETM LogKow suggests 

higher adsorption, it also means a high affinity for sorption to organic matter. Previous 

studies from the laboratory identified that the percent organic matter of sediment from 

Latham Park was relatively high, at 11% (unpublished laboratory data). Organic matter 

functional groups provide adsorption sites for antibiotics (Sibley and Pedersen, 2008). 

Organic matter could have presented available sorption sites for ETM to bind to, reducing 

its availability. While this may partially explain the low concentration of ETM compared 

to CIP and SMX, other limitations from the present study may have influenced these 

findings. 

Pollutants can be present or detected in various parts of the clams’ anatomy (gills, 

foot, mantle, and digestive gland) (Guo and Feng, 2018). The present study fell short of 

measuring antibiotic uptake and accumulation by C. fluminea, despite accumulation or 

uptake of xenobiotics by C. fluminea having been previously reported from whole tissue 

extractions (Burket et al., 2019; Ismail et al., 2014). The present study did not do a 
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depuration period after exposure to allow for removing any antibiotics that may have 

been present in the gut tract (Sow et al., 2019; Abaychi and Mustafa, 1988).  

It is possible that antibiotics could have been present in the gut tract of the clam. 

Gut passage time and digestive partitioning can impact the assimilation of contaminants 

by bivalves (Wang et al., 1995). The capture of antibiotics can be facilitated by the mucus 

that clams produce from their gills to capture and trap food items (Hinch and Stephenson, 

1987). Antibiotics sorbed to suspended particles can become trapped to mucus from van 

der Waals force and consumed by the clam (Yu et al., 2013). The use of mucus for 

feeding capabilities presents a potential pathway for antibiotics to be ingested. Due to 

this, antibiotics concentrations reported not reflect those assimilated into clam tissue 

during the exposure period, which is necessary to state whether a substance was 

accumulated in the clam.  

The low concentrations of ETM compared to CIP and SMX may also be 

attributed to biotransformation. Biotransformation due to metabolic activity may 

influence whether the antibiotic is in the form of the parent compound or metabolite 

(Ismail et al., 2014). Limited data exist examining bivalves’ metabolic ability to 

biotransform organic contaminants, but it has been reported that enzymes in digestive 

glands may be the primary factor in biotransformation (Fernandez et al., 2012). Due to 

antibiotics’ target screening, any metabolite produced would not be quantified and 

introduces a research question that warrants further investigations. What are antibiotic 

metabolites produced following exposure to bivalves? 
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In future work to assess the uptake of antibiotics by clams, I would have the clams 

undergo a more extended 72-hour depuration/acclimation period following collection 

from the field to allow the clams to remove any contaminants in their gut tract prior to 

laboratory assay (Costa, 2009; Ismail et al., 2014). Water and sediment concentrations in 

the microcosms would also be measured to understand which compartment antibiotics 

were distributed. I would expose clams to a more relevant concentration for seven days 

while looking for specific immune responses along with uptake (GST and CYP450, SOD 

endpoints). Based on the immune response, I could assess if uptake had any pronounced 

effect in particular parts of the clam (gills, mantle, foot, digestive glands), which would 

also be dissected to determine where accumulation was greatest. Clams would again 

undergo a subsequent 72-hour depuration period to ensure the gut tract is clear of any 

pollutants. The water would be changed every 24 hours (Ismail et al., 2014) and 

measured to determine the concentration of antibiotics removed from the digestive tract. 

By taking subsamples every 24-hours over the seven-day study period, I can better 

understand the accumulation and removal kinetics of antibiotics by C. fluminea. 

Assessing depuration water will also provide insight into the mechanism of antibiotic 

uptake. If removed from the gut tract, it will provide evidence of uptake and removal 

from feeding and excretion.  

 It is important to note that microcosms were not aerated or disturbed 

continuously throughout the study. Bioturbation from C. fluminea was the only 

mechanism of mixing that occurred, aside from microcosm stirring at the assay’s 

beginning. The concentrations measured may have differed if the microcosm conditions 
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were not static due to the increased interchange of water with sediment and suspended 

particles where antibiotics can bind to, possibly resulting in levels measured that may 

differ from what is reported in the present study. The lack of significant differences in 

antibiotic concentrations measured from clams between single and mixture exposures 

suggests that mixtures can be incorporated into more laboratory assessments since 

concentrations are similar to single exposures. However, this may change when clams 

rinsed thoroughly, allowed proper depuration, and analysis is focused more on antibiotics 

assimilated into clam tissues only.  

 

 

 

 

 



82 
 

Conclusion 

My findings showed no difference in antibiotic concentrations measured between 

single and mixture treatments. C. fluminea has been established to serve as an appropriate 

bioindicator of various pollutants. However, in the present study, antibiotic 

concentrations measured are not reflective of those solely assimilated into their tissues. 

Antibiotics measured may have also been bound to the clam’s external body as well as 

possibly present in the gut of the clam. It may be possible that these freshwater bivalves 

can serve as an adequate bioindicator for antibiotics; however, further work is needed to 

validate such claims. Although pharmaceuticals have a low biomagnification potential 

(Fisk et al., 2001), their occurrence in freshwater bivalves may have present one pathway 

for these antibiotics to reach other non-target organisms and enter the food web. The 

accumulation of pharmaceuticals by Asian clams has been demonstrated in the field as 

opposed to the laboratory like the present study (Burket et al. 2019). Similar to the 

present study, researchers did not assess the uptake or removal kinetics of 

pharmaceuticals by bivalves, which remains to be addressed. As scientists continue to 

investigate antibiotic accumulation, their removal and uptake kinetics should be included 

in their assessments to better understand the fate of these contaminants in aquatic 

systems.  
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CHAPTER V 

THE EFFECT OF COMMON STREAM ANTIBIOTICS ON SEDIMENT 

BIOGEOCHEMICAL PROCESSES 

 

Authored by Austin Gray 

Abstract 

Previous studies investigating antibiotic pollution in streams in the Piedmont region of 

North Carolina identified 15 predicted antibiotics associated with both human and 

veterinary antibiotics, with four antibiotics confirmed. Biogeochemical functioning of 

ecosystems relies largely on microbial activity, which can be altered by antibiotics. Using 

sealed microcosms, I exposed naïve sediments from non-urban streams to three 

commonly detected antibiotics (sulfamethoxazole, danofloxacin, and erythromycin) at a 

relevant concentration (10 g/L), along with an NH4
+Cl- addition (1 mg/L) and substrate 

addition (glucose and sodium acetate). The assay consisted of single and mixture 

exposures over 7 days with an initial 24 h oxic period (oxygen levels ≥ 5.5%) and a 

hypoxic or anoxic period following (oxygen levels ≤ 5.5%), with samples collected on 

days 2, 4, and 7 to determine the influence of antibiotics on N2, N2O, CH4, and CO2 

concentrations. The only rates assessed in the study were NH4
+ and NO3

- consumption 
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rates. There were no significant differences observed for NO3
- consumption rate across 

treatments. On day 7, concentrations of N2O, N2, CH4, and CO2 across all treatments were 

not significantly different from the control treatment. My findings suggest that antibiotic 

effects may depend on oxygen availability, with more pronounced effects observed in the 

first 24 h, specifically on nitrification. In the control, danofloxacin, and erythromycin 

treatments, NH4
+ concentrations declined during the 24 h oxic period. The 

sulfamethoxazole treatment showed no change in NH4
+ concentration. The mixture 

treatment showed a synergistic effect that increased NH4
+ concentration over 24 h, likely 

due to enhanced mineralization and reduced nitrification. Results from the present study 

highlight that naïve sediments exposed to sulfamethoxazole, danofloxacin, and 

erythromycin in a mixture at relevant concentrations can reduce nitrification, a key 

nitrogen cycle process. The findings also provide evidence of a synergistic effect of 

mixtures, resulting in a greater bioavailability of nutrients within stream habitats, likely 

due to enhanced mineralization. While the environmental implications of emerging 

contaminants are not fully understood, this study’s findings show that nitrification can be 

inhibited by sulfamethoxazole and reduced when sulfamethoxazole is mixed with 

danofloxacin and erythromycin. The mixture of antibiotics also enhanced mineralization.   

 

Keywords: Nitrification; Denitrification; Methanogenesis; Production; Consumption 
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Introduction 

In the past three decades, pharmaceutical compounds have been discovered in 

almost all environmental matrices on every continent (Patel et al., 2019). Of all the 

pharmaceuticals that are present in the environment, antibiotics are the most frequently 

detected (Kolpin et al., 2002; Patel et al., 2019). Various classes of antibiotics occur in 

streams, including sulfonamide, quinolone, fluoroquinolone, macrolide, penicillin, and 

beta-lactams. Antibiotics enter stream environments via wastewater discharge, runoff, 

sewage leakage, etc. (Gray et al., 2020). Once released, antibiotics can be retained in 

sediments, which serve as a sink for antibiotics (Kim and Carlson, 2007). Antibiotics 

bound onto sediment can have half-lives up to a few weeks (Jorgensen and Fath, 2014). 

While it is understood these chemicals are present alongside a suite of other synthetic 

chemicals in a mixture, little is known about the potential ecotoxicity of these 

compounds, individually or as a mixture (Bernhardt et al., 2017; Isidori et al.,2005; 

Robinson et al., 2005). 

Ecosystem functions rely on microbial activity to break down organic matter and 

thereby provide bioavailable nutrients (Conkle and White, 2012). Stream ecosystem 

functions are mostly controlled by, and dependent upon, microbes for a suite of crucial 

biogeochemical processes (e.g., denitrification, nitrogen fixation) and services (e.g., 

organic matter decomposition). Organic matter processing in streams produces carbon 

dioxide (CO2) and methane (CH4) during microbial decomposition. Studies of the effects 

of contaminants on ecosystem function lag behind other well-defined drivers of global 
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environmental change (Bernhardt et al., 2017). However, because antibiotics inhibit 

microbial growth and alter microbial communities (Martinez, 2009), understanding their 

impact on biogeochemical processes is essential for understanding their ecological 

implications. 

Streams play an essential role in regulating nitrogen (N) inputs through 

biogeochemical processes (Soetaert and Meysman, 2012; Stanley et al., 2016). Human 

activities, such as agricultural fertilization and fossil fuel combustion, add approximately 

150 Tg yr–1 of reactive nitrogen (N) to the Earth’s surface (Greaver et al., 2016). Reactive 

N can enter stream environments as a result of runoff or effluent release. Excessive 

reactive N in streams disrupts aquatic ecosystems, resulting in eutrophication, harmful 

algal blooms, and oxygen depletion and acidification (Goolsby, 2000; Greaver et al., 

2016; McDowell et al., 2009; Van Metre et al., 2012). Reactive N availability is mediated 

by microbial transformations (such as ammonification and nitrification under oxygenated 

conditions) and transport within and between ecosystems (Greaver et al. 2016). 

Denitrification is the primary mechanism by which excess N can be permanently 

removed to prevent it from entering downstream aquatic ecosystems (Blaszczak et al., 

2018). In this process, nitrate (NO3
-) is reduced to gaseous N products such as nitric 

oxide (NO), nitrous oxide (N2O), and dinitrogen (N2) under low oxygen or hypoxic 

conditions.  

Alteration to a N transformation process by antibiotics can have implications on 

global N cycling dynamics. Barnes et al. (2008) and Underwood et al. (2011) 
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demonstrated that antibiotics could alter bacterial community composition and a process 

of the N cycle, such as denitrification. For example, sulfamethoxazole (SMX), a 

contaminant in both U.S. streams (Kolpin et al., 2002) and groundwater (Barnes et al., 

2008), delays the start of cell growth and limits denitrification (a critical component of 

global N cycles). Costanzo et al. (2005) found that antibiotics reduced denitrification 

rates. Antibiotic inhibition of denitrification can result in increased reactive N in streams, 

exacerbating eutrophication (Broussard and Turner, 2009). 

Processes of the methane cycle, a sub-cycle of the carbon cycle, are of 

biogeochemical interest due to recent increased CH4 emissions. Although less abundant 

than CO2, atmospheric CH4 is an especially potent greenhouse gas, with a warming 

potential, per mole, approximately 23 times greater than CO2 (Forster et al., 2007). CH4 

dynamics are primarily governed by microbial communities that are present in aquatic 

sediments. CH4 cycle processes have been most widely investigated in lakes (e.g. Tang et 

al., 2014), and wetlands (e.g. Tong et al., 2009; Stanley et al., 2016), but a considerable 

amount of CH4 can be released from stream ecosystems as well (Baulch, 2011 Cole et al., 

2007). Still, our understanding of methane dynamics in streams is generally limited 

(Stanley et al., 2016), and studies of antibiotic effects on methane cycling have not been 

conducted at comparable concentration levels. Aydin et al. (2014) demonstrated that 

antibiotic mixtures could decrease CH4 production rates in wastewater. Fountoulakis 

(2004) also investigated the influence pharmaceuticals pose on methanogenesis. 

However, the levels that were shown to cause inhibitory responses by Aydin et al. (2014) 

and Fountoulakis (2004) were two to six orders of magnitude higher than concentrations 
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found in the natural environment. Methanogens are typically outcompeted by other 

bacteria for thermodynamic reasons (Thauer et al., 2008). The pressure antibiotics pose 

on these bacterial communities may result in greater availability of substrates for 

methanogens, resulting in increased methanogenesis.  

Investigations into environmental impacts of antibiotics are limited due to most 

studies using single antibiotic exposures, which don't reflect the natural environment 

(Backhaus et al., 2004). There are very few studies that have accounted for antibiotic 

mixture effects on biogeochemical processes (Cleuvers, 2004; Christensen et al., 2006; 

Aydin et al., 2014; Pomati et al., 2008). Antibiotic mixtures may result in additive, 

antagonistic, or synergistic effects. The present study focused on three different 

antibiotics, representing three different classes and three distinct modes of action at an 

environmentally relevant concentration. The antibiotics used are commonly used in 

human and veterinary medicine: sulfamethoxazole (SMX), danofloxacin (DAN), and 

erythromycin (ETM). Previous studies from the laboratory have detected these antibiotics 

in wide occurrence in rural and urban streams of North Carolina (Gray et al., 2020). 

Erythromycin is a macrolide antibiotic that prevents bacteria from growing by binding 

irreversibly to the 50S ribosomal subunits (Tenson et al., 2003). Danofloxacin, a 

veterinary fluoroquinolone antibiotic, impacts bacteria via deactivation of bacterial 

enzyme of DNA gyrase and topoisomerase IV, which results in inhibition of bacterial 

DNA replication. Sulfamethoxazole achieves its effect by inhibiting nucleic acid, protein 

synthesis, and inhibiting the permeability of the cell wall by inhibiting folic acid 

synthesis (McDermott et al., 2003; Baran et al., 2011).  
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I used a microcosm study to investigate how biogeochemical processes in naïve 

stream sediments are impacted by three common antibiotics in single and mixture 

exposures at environmentally relevant concentrations. Specific processes of interest 

included: nitrification, denitrification, and methanogenesis. NH4
+ and NO3

- were 

measured simultaneously during a 24-hour oxic period to evaluate changes in the 

oxidation of NH4
+ (nitrification) and reduction of NO3

- (potential denitrification). Since 

N2O, N2, and CH4 are produced in conditions of low oxygen (hypoxia) or no oxygen 

(anoxia), each were measured following 48-hours, when the microcosms oxygen 

concentrations were ≤ 5.5%. Under these conditions I measured concentrations of N2O 

and N2 (intermediate and final denitrification products) over the course of one week. 

Methanogenesis was assessed by measuring CH4 concentrations and CO2 was measured 

to serve as a proxy for microbial respiration. I hypothesize that concentrations at the end 

of the study will be different between single and mixture exposures compared to the 

control.  

Materials and methods 

Sample collections 

Sediment and surface waters utilized for the study were collected from a forested 

stream near Lake Brandt in Greensboro, NC, USA (36.173262,-79.83790) (Table 5.1). 

The site contained no antibiotic residues in surface water or sediment based on previous 

sampling and analysis. Surface water was collected in 5 L acid-washed carboys, and 

sediment was collected on-site and transferred into sterile Ziploc® plastic bags. At the 

sampling site, pH, dissolved oxygen, and conductivity were measured. Once transported 
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to the lab, surface water was filtered using 0.7 m GF/F filters. Sediments were 

homogenized and stored on ice in the dark until microcosm construction. Surface water 

samples were stored in a refrigerator at 4°C. Subsamples of surface water was analyzed 

on a Lachat QuickChem 8500 automated system (Lachat Instruments, Loveland, 

Colorado, USA) to determine background concentrations of NH4
+ and NO3

- (Table 4.1).  

 

 

Table 5.1. 

Site data for surface water and sediment used in the study  

Site Lat Long pH 

DO 

(mg/L) 

Conductivity 

(S/cm) 

Temperature 

(°C) 

NH4
+      

(g N 

L-1) 

NO3
-           

(g N 

L-1)  
Lake 

Brandt 36.173262 

-

79.8379 8.7 4.8 555        23°C 18.2 116  
 

 

 

Antibiotic solutions 

Sulfamethoxazole (SMX), danofloxacin (DAN), and erythromycin (ETM) (all > 

98% purity) were obtained from Sigma-Aldrich (St. Louis, MO) (S1 of supplemental 

information). Single exposures consisted of a 1 mg/L stock solution for individual 

antibiotics mixed in methanol, and mixture exposures used a stock solution of each 

antibiotic at 1 mg/L mixed in methanol. Stock solutions were held in a -20°C freezer until 

use. The stock solution was added to filtered surface water to yield an initial 

concentration of 10 g/L for each antibiotic treatment. Mixture treatments consisted of 

each antibiotic having an initial concentration of 10 g/L.   

 

 



94 
 

Microcosm construction 

Microcosms consisted of 250 mL glass serum bottles. Bottles contained 100 g of 

wet naïve sediments and 100 mL of filtered surface water. Control treatments contained 

no spiked antibiotic solution. Microcosms were sealed with gas impermeable butyl rubber 

stoppers and crimped aluminum seals (Geo-Microbial Technologies). All microcosms 

were spiked with a nutrient enrichment to reduce substrate limitations. Enrichments 

consisted of glucose (0.5 g/L), sodium acetate (0.4 g/L), and ammonium chloride (1 

mg/L). Enrichments were mixed with filtered stream water prior to the addition of 

antibiotics. The antibiotic treatments (control, SMX, DAN, ETM, and SMX+DAN+ETM 

mixture) were further divided into separate oxic and hypoxic or anoxic treatments. After 

antibiotics solutions (10 g/L) were spiked into the respective microcosm and sealed, 

microcosms were shaken. Samples collected for the oxic treatments consisted of 3 

replicates per treatment per time point (n=12 per antibiotic treatment), where the same 

microcosm was sampled repeatedly with samples collected at 0, 6, 12, and 24 h. The 0 h 

sample represent microcosm water samples taken immediately after antibiotic addition 

and shaking to measure initial concentrations.   

Conventional biological denitrification requires hypoxic conditions with dissolved 

oxygen (DO) concentration of less than 0.2 mg/L (Seitzinger et al. 2006). Methane 

production or methanogenesis is facilitated in areas absent of oxygen (anoxic). 

Microcosms were allowed to go hypoxic or anoxic naturally without amending or 

purging them with N2. Preliminary sediment oxygen demand studies conducted in the lab 

showed dissolved oxygen levels reached 0.5 mg/L by 24 h (supplemental information 
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S2). The oxygen demand study concluded at 24 h, while samples taken during the 

hypoxic or anoxic period were collected past this time. Based on the water temperature 

(23˚C), 100% oxygen saturation at this temperature is a DO concentration of 9.0 mg/L. 

Based on the DO values at the conclusion of the oxygen demand study (0.5 mg/L), 

calculated oxygen saturation levels from 0 to 24 h were ≥ 5.5%. Following 24 h, I suspect 

that oxygen levels were ≤ 5.5%. The sampling of N2O, N2, CH4, and CO2 were measured 

at 48 h or day 2. It is important to note that in homogeneous sediments, methanogen 

activity and denitrification can be confined to anoxic microsites within sediments (Angie 

et al., 2017). Due to this, even in the presence of oxygen, these processes may still occur. 

Microcosms designated to become hypoxic or anoxic naturally were sampled over 7 

days, with sampling occurring on days 2, 4, and 7. Each treatment consisted of five 

replicates per time point (n=25). Due to the nature of sampling, serum bottles were 

destructively sampled with five randomly selected bottles at each sampling point per 

treatment (n=125). All microcosms were stored in the dark to limit photodegradation of 

antibiotics throughout the study period 

NH4
+ and NO3

- measurements  

NH4
+ and NO3

- concentrations were analyzed over 24 h. At each specified 

sampling point (0, 6, 12, and 24 h), 10 mL of water was collected. Water was collected 

from the same bottle at each time point and filtered through ashed GF/F filters. The 

samples collected in the oxic period were used to represent what is also occurring in the 

bottles allowed to go hypoxic or anoxic naturally. Due to this, water was not replaced as 

it might alter microcosm conditions at subsequent sampling periods (increased DO, 
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dilution). Samples were then kept in a -20°C freezer until analysis. At the conclusion of 

the study, samples were analyzed on the Lachat QuickChem 8500 automated system 

(Lachat Instruments, Loveland, Colorado, USA) to determine NH4
+ and NO3

- 

concentrations. NH4
+ and NO3

- concentrations were calculated over time to determine 

rate of consumption over 24 h (g N L-1 hour.). 

N2O , CH4, and CO2 measurements 

Greenhouse gas or GHG (N2O, CH4, CO2) concentrations were measured over 7 

days, with sampling times on day 2, 4, and 7. Each sample was collected from the 

gaseous headspace following shaking the bottles to release any gas trapped within 

sediment. 10 mL of headspace gas was extracted and transferred to a 9 mL glass vial. 

Glass vials containing headspace gas were purged with N2 and evacuated prior to use. 

Gas samples were stored inverted in the dark until sample analysis. N2O, CH4, and CO2 

concentrations were measured using a Teledyne Tekmar 7000 headspace autosampler 

(Teledyne Tekmar, Mason, Ohio, USA) to inject samples into a Shimadzu GC-17A ver.3 

gas chromatograph with a Porapak Q column and electron capture detector (injector 

temperature = 380°C, column temperature = 80°C, detector temperature = 340°C, with 

N2 carrier gas; Shimadzu Corporation, Kyoto, Japan) (Blaszczak et al., 2018). 

Concentrations were acquired from NIST grade calibration standards. The linearity of the 

calibration was determined from the R2 > 0.97. Concentrations of N2O, CH4, and CO2 are 

reported in ppm.  

 

 



97 
 

N2 measurements 

 N2 was measured using a Membrane Inlet Mass Spectrometer or MIMs to 

determine dissolved N2 and Ar concentrations in surface water overlying sediment (Kana 

et al. 1994). An in-line copper reduction column heated to 600°C was used to reduce O2 

interference with N2 measurements (Eyre et al. 2002). Serum bottles (n=25/time point) 

were destructively sampled due to the use of the MIMs probe. Standards for N2 

concentrations (humid-atmosphere-equilibrated deionized water stirring in high-precision 

water baths) at 22°C and 24°C were run every six samples. Standards were run in 

triplicate. Samples collected at day 2,4, and 7 were run in triplicate. N2 concentrations 

were achieved using the MIMS_gasfunction package in R version 3.4.1 (R Core Team 

2017). N2 concentrations were converted from mg/L to ppm 

Statistical analysis 

Due to non-normal distribution throughout the dataset, non-parametric analyses 

were conducted. Outlier analysis was performed in Microsoft Excel to determine the 

upper and lower bounds. The upper and lower bounds were calculated using the 

following equations:  

Q3 + (1.5 * IQR) and Q1 - (1.5 * IQR)   

Q1=Quartile 1 

Q3=Quartile 3 

IQR= Interquartile Range 

 

For each respective assay, a Kruskal-Wallace test compared the treatment's 

concentration to the control to determine differences at respective time points. For rate 

analysis, NH4
+ and NO3

- concentrations were plotted over time (24 hours) for each 



98 
 

microcosm (g N L-1 hour). Kruskal-Wallis was applied to determine the difference in 

rates for oxic assays (NH4
+ and NO3

- ). Data were analyzed using R Studio (3.5.2) and 

GraphPad Prism (8.5.1).  

Results 

Oxic period 

NH4
+ and NO3

- were measured during a designated oxic period. Results reported 

reflecting oxygen levels based on the preliminary oxygen demand study (S2 and S3), 

which between 0 h to 24 h were ≥ 5.5%. 

NH4
+ and NO3

- 

Mean NH4
+ concentrations at the 0 h sampling point ranged from 388 to 673 g N 

L-1 , where control, mixture, and SMX treatments were significantly lower than the ETM 

treatment (673 ± 49 g N L-1) (�̅� ± SE) (p<0.05; Table 5.2; Fig. 5.1A). DAN NH4
+ 

concentrations at 0 h were identified as statistical outliers. Due to this, DAN 

concentrations at 0 h were omitted from the statistical analysis and rate calculations. 

NH4
+ concentrations at 6 h did not differ significantly across treatments (p>0.05; Table 

5.2; Fig. 5.1A). At 12 h, mean NH4
+ concentration in the mixture (784 ± 24 g N L-1) (�̅� 

± SE) rose to be significantly higher than all other treatments (p<0.05; Fig. 5.1A). By 24 

h, each treatment NH4
+ concentration had decreased lower than their concentration at 12 

h (Table 2). Mean NH4
+ concentration in the control at 24 h was significantly lower (33 ± 

9.4 g N L-1) (�̅� ± SE) compared to the other treatments (Table 5.2; Fig. 5.1A). Mean 

NH4
+ concentration at 24 h for the mixture treatment (754 ± 9.5 g N L-1) (�̅� ± SE) was 

significantly higher than all the other treatments (p<0.05; Fig. 5.1A). SMX, DAN, and 
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ETM treatments did not differ at 24 h (p>0.05; Fig. 5.1A). Mixture treatment NH4
+ 

concentration increased at a mean rate of 11.5 ± 0.85 g N L hour-1 (�̅� ± SE). The SMX 

treatment NH4
+  concentration remained relatively unchanged with a rate of 0.13 ± 1.96 

g N L hour-1 (�̅� ± SE)(Fig. 1B). The control, DAN, and ETM treatments NH4
+ 

consumption rates over 24 h did not differ from each other (p>0.05; Fig. 5.1B). NH4
+ 

consumption rates from the SMX and DAN treatments were also not significantly 

different from one another (p>0.05; Fig. 1B).  

 The mean NO3
- concentration in each antibiotic treatment declined over the 24 h 

period of sampling (Table 5.2). Control treatment NO3
- concentrations appeared to 

increase slightly between 0 and 6 h sampling points (Fig. 5.2A; Table 5.2). Following 6 

h, NO3
- concentrations in the control decreased (Table 2). Despite this, mean NO3

- 

concentration for the control treatment was significantly lower than all other treatments at 

every sampling period except the 6 h sampling point (p<0.05; Fig. 5.2A). By 24 h, NO3
- 

was almost completely consumed in the control treatment ( 29 ± 10 g N L-1 ) (�̅� ± SE). 

There was no significant difference in rate of NO3
- consumption across treatments 

(p>0.05; Fig. 5.2B; Table 5.2). 

 

 
Table 5.2.   
NH4

+ and NO3
- concentrations at each sampling point (mean ± SE).  

NH4 
+ (g N L-1 ) 

 Hour 0 Hour 6 Hour 12 Hour 24 

Control 459 ± 46 519 ± 41 448 ± 115 33 ± 9.4 

SMX 388 ± 9.8 436 ± 20 532 ± 49 391 ± 39 

DAN NA 460 ± 15 528± 49 259 ± 139 

ETM 673 ± 49 470 ± 40 531 ± 51 186 ± 44 
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Mixture  493 ± 5.8 565 ± 12 784 ± 24 754 ± 9.5 

NO3
-(g N L-1 ) 

 Hour 0 Hour 6 Hour 12 Hour 24 

Control 166 ± 9 208 ± 35 123 ± 20 29 ± 10 

SMX 281 ± 6.9 233 ± 13 175 ± 4.2 126 ± 5.9 

DAN 269 ± 9 245 ± 15 166 ± 5.2 126 ± 2.3 

ETM 269 ± 4 240 ± 4.3 190 ± 13.1 120 ± 5.7 

Mixture  233 ± 0.5 233 ± 9 167 ± 3 125 ± 15.3 

NA= non-applicable, DAN NH4
+ data was not included at 0 h due to statistical outliers. 
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   Hypoxic or anoxic period 

 Nitrogen species (N2O and N2), along with CH4 and CO2 concentrations reported 

below, reflect oxygen levels and samples collected on day 2, day 4, and day 7. The 

preliminary oxygen demand study conducted prior concluded at 24 h (S2 and S3). From 0 

h to 24 h, oxygen levels were ≥ 5.5%. Since samples taken during the hypoxic or anoxic 

period were taken past the time the oxygen demand study took place, oxygen levels were 

believed to be ≤ 5.5% during this period.  

N2O and N2 

Mean N2O concentrations recorded at day 2 demonstrated peak concentrations for 

each treatment. Mean N2O concentration for the DAN treatment (0.73 ± 0.037 ppm) (�̅�± 

SE) at day 2 was 1.1 to 1.2 times higher than the control and SMX. Following day 2, 

concentrations declined in each treatment (Table 5.3). Mean N2O concentrations at day 4 
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and 7 were not different across antibiotic and control treatments (p>0.05). The decline in 

N2O from day 2 to day 7 occurred as oxygen levels in the microcosms likely declined. 

N2 concentration did not differ across treatments on day 2. At day 4, the N2 

concentrations of SMX, DAN, and ETM treatments were 1.2 to 1.5 times higher than the 

control and mixture treatment (p<0.05; Table 5.3; Fig. 5.4A). Mean N2 concentrations at 

day 7 did not differ across treatments (Fig. 5.4A). 

  

Table 5.3.  

N2O and N2 concentrations (ppm) at each sampling point (mean ± SE).  

  N2O  

 Day 2 Day 4 Day 7 

Control 0.60 ± 0.062 0.56 ± 0.038 0.43 ± 0.005 

SMX 0.60 ± 0.042 0.53 ± 0.003 0.42 ± 0.004 

DAN 0.73 ± 0.037 0.51 ± 0.011 0.43 ± 0.002 

ETM 0.65 ± 0.061 0.56 ± 0.028 0.42 ± 0.001 

Mixture  0.68 ± 0.017 0.55 ± 0.012 0.43 ± 0.003 

 N2  

 Day 2 Day 4 Day 7 

Control 21.1 ± 0.31 21.9 ± 0.42 22.3 ± 0.31 

SMX 22.0 ± 0.47 32.6 ± 2.56 21.9 ± 0.21 

DAN 22.4 ± 0.35 25.3 ± 0.22 22.7 ± 0.53 

ETM 21.8 ± 0.30 26.4 ± 0.17 22.8 ± 0.14 

Mixture  21.0 ± 0.32 21.9 ± 0.41 23.0 ± 0.23 
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CH4 and CO2  

Mean CH4 concentrations increased over time for all treatments (Table 5.4). Mean 

CH4 concentration for control treatment at day 2 (250 ± 18 ppm) was 1.8 to 3.6 times 

lower than the single and mixture antibiotic treatments (p<0.05; Table 5.4; Fig. 5.5A). At 

day 4, SMX and mixture mean CH4 concentrations were 1.7 to 2.5 times higher than 

control, DAN, and ETM treatments (p<0.05; Table 5.4; Fig. 5.5A). At the conclusion of 

the study on day 7, CH4 concentrations were not significantly different across treatments 

(Table 5.4; Fig. 5.5A). Over the 7-day assay, CH4 concentrations increased in all 

treatments.  

Mean CO2 concentrations by day 7 were all higher than their concentrations 

measured at day 2 (Table 5.4). Mean CO2 concentration from the SMX and mixture 

treatments at day 2 were 1.4 to 1.5 times lower than the control, ETM, and DAN 

treatments  (p<0.05; Table 5.4; Fig. 5.6A). CO2 concentrations at days 4 and 7 were not 

significantly different across treatments (p>0.05). Like CH4, the increase in CO2 on day 7 

compared to concentrations on day 2 suggests that as the microcosms became hypoxic or 

anoxic, CH4 and CO2 production were promoted.  

 

Table 5.4.  

CH4 and CO2 concentrations (ppm) at each sampling point (mean ± SE).  

  CH4 

 Day 2 Day 4 Day 7 

Control 250 ± 18 736 ± 67 2060 ± 213 

SMX 659 ± 133 1231 ± 228 1639 ± 107 

DAN 638 ± 134 639 ± 76 2197 ± 383 

ETM 458 ± 121 499 ± 92 2301 ± 357 

Mixture  902± 193 1190 ± 143 1729 ± 85 

 CO2 
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 Day 2 Day 4 Day 7 

Control 25507 ± 818 24567 ± 3693 32088 ± 1175 

SMX 17104 ± 921 31697 ± 1202 31546 ± 1149 

DAN 24802 ± 2312 30995 ± 1638 35478 ± 1747 

ETM 25480 ± 1803 30400 ± 1617 32904 ± 1511 

Mixture  17308 ± 574 33773 ± 724 31662 ± 862 
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Discussion 

Ecological assessments that consider contaminant mixtures are highly 

underrepresented in environmental science. Although mixtures are representative of the 

natural environment, the mechanism behind their combined impact is complex. The 

mixture used in the present study represented different antibiotic classes that each have a 

unique action mechanism (S1 of the supplemental information), potentially leading to an 

additive, antagonistic, or synergistic effects. There were no significant differences 

observed for NO3
- consumption rates, nor were there any significant differences in  N2O, 

N2, CH4, and CO2, concentrations at the end of the assay. However, there were notable 

differences observed in NH4
+ consumption, where the mixture treatment showed 
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increased concentrations of NH4
+ compared to other experimental treatments, warranting 

further discussion.  

The two treatments whose rate of NH4
+ consumption differed from the control 

treatment were the SMX and mixture treatments. SMX appeared to inhibit nitrification, 

as seen by the rate of NH4
+ consumption observed to be unchanged. Nitrification 

inhibition by sulfonamides, such as SMX has been previously reported by Du et al. 

(2015). The difference in antibiotic effect on nitrification is believed to be influenced by 

whether it is a broad or narrow-spectrum antibiotic (Ashfaq et al., 2020). However, each 

antibiotic used in the present study is broad-spectrum. ETM and DAN treatments 

behaved similarly to the controls, while SMX did not. The differences between DAN and 

ETM compared to SMX suggest that antibiotic impact on nitrification can vary 

depending on class.  

The mixture treatment demonstrated an increase in NH4
+ over 24 h. I first 

considered that NO3
- may have been reduced to NH4

+ via dissimilatory nitrate reduction 

to ammonium or DNRA ( NO3
−→NO2−→NH4

+), explaining the increase in NH4
+ over 

time. However, when considering the increase observed, there was not enough NO3
- 

available in the microcosms to account for the increase. Structural changes in microbial 

communities resulting from exposure to antibiotics can affect community functions such 

as mineralization (DeVries and Zhang, 2016). These findings from the mixture treatment 

suggest enhanced mineralization and reduced nitrification were responsible for the 

increase observed in the mixture treatment.  
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In my NO3
- assessment, I observed a significantly higher concentration at 0 h in 

the antibiotic treatments compared to the control. The initial introduction of antibiotics 

into the microcosms may have contributed to initial stress or cell death. Cells that 

undergo stress or death can release NO3
-, potentially contributing to the significantly 

higher NO3
- concentrations from the antibiotic treatments (Wang 2020). Antibiotic 

treatments NO3
- concentrations following 0 h each declined, indicating that although 

there may have been an initial response to the antibiotic exposure, NO3
- consumption was 

not negatively impacted, as seen in the NO3
- consumption rates.  

Based on NO3
- consumption rates along with N2O and N2 concentrations 

measures at day 7, it does not appear that antibiotic treatments, whether single or mixture, 

had any negative effect on denitrification. Underwood et al. (2011) showed that SMX 

altered or inhibited denitrification at a concentration of 1.2 g/L, a concentration almost 

10 times lower than what was used in the present study. The different outcomes are likely 

a result of different experimental designs/exposures. Underwood et al. (2011) used 

bacterial enrichment cultures from groundwater samples and exposed the isolated 

denitrifying community to SMX. The impact of SMX and the other antibiotic treatments 

used in the present study may be less pronounced due to the presence of different 

microbial populations. Also, these antibiotics exposed within sediment can reduce 

antibiotic bioavailability and potency, making them less effective (Thiele-Bruhn and 

Beck.,2005; Cordovo-Krevlos and Scow, 2007).  
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CH4 and CO2 concentrations did not differ across treatments at day 7. Conkle and 

White (2012) found that wetland sediments exposed to SMX at 50 ppb or 50 g/L 

suppressed CH4 production compared to control treatments. The difference observed in 

CH4 production between antibiotics exposed to stream sediments and wetland sediments 

could be due to a suite of different factors including sediment type, substrate availability, 

antibiotic concentration, and sulfate concentrations. Initial CO2 concentrations reported 

on day 2 showed suppression in mixture and SMX treatments. When the study 

concluded, levels of CO2 for SMX and mixture were no different than the other 

treatments, which suggest overall microbial activity recovered by day 7. Conkle and 

White (2012) found that there was an initial suppression of CO2 production in 

microcosms containing wetland sediments treated with SMX. However, by the end of 

their study, CO2 concentrations recovered to the same level as controls, similar to my 

result. The recovery of microbes potentially can be explained by: (1) there was a shift in 

the composition of the microbial community toward bacteria that were resistant to SMX 

and mixture exposure ( Liu et al., 2009; Schmitt et al., 2004); (2) the SMX and mixture 

treatment effect was relatively short and microbes recovered (Liu et al., 2009); and/or (3) 

SMX was bound to sediment sufficiently to prevent further negative response to 

respiration (Kotzerke et al., 2008; Liu et al., 2009).  

I did not observe any significant antibiotic effect on NO3
- consumption or N2O, 

N2, CH4, and CO2 concentrations on day 7. The microbes within each microcosm may 

have adapted to or changed in community structure, such that there was no detectable 

impact of antibiotics (Conkle and White, 2012). Evaluating microbial composition and 
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function was not a part of the present study. It would be a viable avenue for future work 

to study genes responsible for the enzymes that catalyze biogeochemical reactions. Genes 

of interest include those responsible for nitrification (nifH, AOB, AOA), denitrification 

(nirK, nirS, nrfA, nosZ), methane production (mcrA), and methane consumption (pmoA) 

(Yun and Szalay, 1984; Konneke et al. 2005; Rotthauwe et al., 1997; Braker et al., 1998; 

Wang and Gunsalus, 2000; Kloos et al., 2001; Luton et al., 2002; Heye et al., 2002). By 

assessing these factors at each sampling point, it might be possible to evaluate 

mechanisms underlying the trends observed at specific sampling points. 

This study's novelty was the paired evaluation of mixture exposure toxicity 

alongside single exposure toxicity in naïve stream sediments. Similar work has been 

conducted to investigate antibiotic effects on biogeochemical processes in marine and 

wetland sediments, while streams are underreported (Ma et al., 2006; Conkle and White, 

2012). It is also important to note that these types of assessments rarely utilize 

environmentally relevant concentrations (Toth et al., 2011; Conkle and White, 2012). 

Instead, previous work in the literature has focused on using therapeutic doses (mg/L or 

mg/kg; Roose-Amsaleg and Laverman, 2015).  

The observed impact of SMX on altering N cycle processes has been reported 

previously reported in the literature. As mentioned earlier, Underwood et al. (2011) 

showed that SMX could inhibit denitrification; Du et al. (2014) showed that SMX could 

inhibit nitrification. The effects of SMX on N cycle processes may depend on the 

environment in which SMX is exposed. Findings from the mixture treatment effect on 
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NH4
+ consumption was a novel finding. No single antibiotic treatment had an increase in 

NH4
+ over 24 h. Yet, when these antibiotics were mixed, I observed a synergistic effect 

that resulted in NH4
+ concentration increasing over time.   

Nitrification of NH4
+ to NO3

- is an environmental concern due to excess NO3
- 

leaching into groundwater (potential drinking water hazard), eutrophication, and its acute 

toxicity associated with wildlife. Any inhibition or reduction of the nitrification process, 

as demonstrated by the SMX and mixture treatments, can be seen as a positive regarding 

regulating NO3
- in freshwaters. The enhanced mineralization observed highlights that 

naïve stream sediments that are exposed to mixtures may experience greater 

bioavailability of nutrients within the system. The antibiotics used here are simply a small 

representation of the contaminants present in stream ecosystems. Moving forward it 

would be of interest to evaluate more emerging contaminants to determine how 

nitrification is affected.  

While denitrification and methanogenesis were not impacted by antibiotic 

exposure in the present study, there have been reports in literature that those processes 

can be impacted by antibiotics. The differences observed between the present study and 

those mentioned previously are likely due to different experimental approaches and 

environmental conditions. A crucial finding from the present study was that an essential 

N cycle process (nitrification) was found to be impacted by antibiotic exposure. 

Freshwater systems globally are plagued with various synthetic chemicals entering at 

varying rates. As scientists, our assessments must include mixtures to understand better 
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how these microbially facilitated biogeochemical processes are impacted due to the 

presence of emerging contaminants.  
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CHAPTER VI 

CONCLUSIONS 

 

Antibiotics are vital in agricultural, veterinary, and clinical settings (Manyi-Loh et 

al., 2018). Despite medicinal benefits of antibiotics, their usage has resulted in their 

release into the environment, where they have been detected globally, across 

environmental compartments (Gothwal and Shashidhar, 2015). Major findings from my 

dissertation included that danofloxacin presence was confirmed in rural and urban 

streams, along with rural groundwater. Danofloxacin consistently had high 

concentrations in rural areas. I also found that antibiotic concentrations when exposed to 

Asian clams did not differ between single and mixture exposures. Lastly, I discovered 

that antibiotic mixtures can reduce nitrification and enhance mineralization.  

 Amongst rural and urban streams, I detected 16 predicted antibiotics, where four 

were later confirmed. The four confirmed antibiotics were found to be used for human 

and veterinary purposes. In my investigation exposing Asian clams to those three 

antibiotics, I found low concentrations of erythromycin compared to ciprofloxacin and 

sulfamethoxazole.  

Danofloxacin, a veterinary antibiotic, had a high occurrence in both rural and 

urban streams. Danofloxacin consistently had the highest surface water, sediment, and 

groundwater concentrations in the rural stream assessment. Although its concentrations in 

Asian clams were not investigated, I selected it for my biogeochemical assessment along 
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with sulfamethoxazole and erythromycin. These three antibiotics represent the same 

classes used in the clam study. Danofloxacin and erythromycin at relevant concentrations 

had no impact on nitrification, denitrification, and methanogenesis. Sulfamethoxazole 

inhibited nitrification. My mixture treatment of these three antibiotics reduced 

nitrification and enhanced mineralization. Both the mixture effect and relevant 

concentrations used (10 g/L each antibiotic) present a realistic picture of sediment 

biogeochemical impact. Inhibition or reduction of nitrification is an ecosystem service 

that can reduce NO3
- accumulation in freshwater systems. Excess NO3

- is known to cause 

hypoxia and eutrophication, which can negatively impact wildlife. As work on antibiotics 

continues, it is important to understand mixtures’ effect. 

Antibiotic pollution in North Carolina Piedmont streams is widespread. Based on 

laboratory findings, antibiotic residues can be measured from clams. However, further 

work is necessary to determine how antibiotics may be sorbed to the external body of the 

clam, accumulated in the tissues, and/or present in the digestive tract of Asian clams. 

Mixtures of antibiotic residues in sediment can reduce nitrification and enhance 

mineralization. Therefore, although antibiotic pollution is a current environmental issue, 

my dissertation found that antibiotics can be measured from clams following exposure in 

a laboratory setting, and that the antibiotic sulfamethoxazole alone and in mixture can 

provide an ecosystem service by inhibiting or reducing nitrification.  
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Appendix A  

Chapter II Supplemental Information 

 

 

 

 

 

S2. GPS coordinates of well and stream sites 

in Guilford County 

Guilford County 

                

Latitude 

                                                                     

Longitude 

Well-1 36.236229 -79.841074 

Well-2 36.23686 -79.84887 

Well-3 36.23862 -79.852028 

Well-4 36.134941 -79.976295 

Well-5 35.89486 -79.29945 

Stream-1 36.23621 -79.85478 

Stream-2 36.24072 -79.85161 

Stream-3 36.23634 -79.84081 

Stream-4 36.133428 -79.974929 

Stream-5 36.19861 -79.98747 

 

 

 

S3. GPS coordinates of well and stream sites in 

Alamance County 

Alamance County 

               

Latitude 

                                                                   

Longitude 

Stream-1 36.02322 -79.3669 

Stream-2 36.02339 -79.3671 

Stream-3 35.98499 -79.5071 

Stream-4 35.884585 -79.2959 

Stream-5 35.866696 -79.2761 

Stream-6 35.884942 -79.2761 

Well-1 36.025335 -79.3699 

 

S1. County information for respective counties. Data from 2012 Census of 

Agriculture  

County 

Populati

on 

Sq. 

Miles 

# of 

Farms 

Farm Area          

(sq. miles) 

% Land 

area                        

used for 

farmlands Animal density 

Alamance 162,391 423.94 732 130.55 31          156,350  

Guilford 526,953 645.7 962 141.8 22           45,748  

Randolph 143,282 789 1,486 245 31       7,891,606  
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Well-2 35.98223 -79.3402 

Well-3 35.95088 -79.3363 

Well-4 35.93657 -79.507 

Well-5 35.915123 -79.4867 

Well-6 35.857165 -79.3056 

Well-7 35.894813 -79.2961 

 

 

 

S4. GPS coordinates of well and stream sites 

in Randolph County 

Randolph 

County 

                

Latitude 

                                                                    

Longitude 

Well-1 35.837471 -79.727889 

Well-2 35.86538 -79.879828 

Well-3 35.86691 -79.878113 

Well-4 35.864419 -79.883097 

Stream-1 35.84966 -79.8748 

Stream-2 35.85632 -79.79627 

Stream-3 35.863622 -79.888353 

Stream-4 35.87386 -79.8803 

Stream-5 35.873653 -79.881025 

    

 

 

 

S5. Optimized mass spec parameters with Triple Quad settings, detection parameters 

and recovery analysis. 

Antibiotic MH+(m/z) 

Fragment 

ions 

Collision 

Energy 

LOD 

(n=3) 

LOQ 

(n=3) 

% Recovery 

(n=3) 

SMX 254 156,   92 16v 3 10a 120a/92.5b/108.9c 

SMR 265 172,  110 16v 3 11a 65a/103.2b/102.1c 

DAN 358 255,  215 37v 6 20a 101a 

ETM 734 576,   88 35v 5 15a 101a/101.4b/128.4c 
SMX; Sulfamethoxazole, SMR; Sulfamerazine, DAN; Danofloxacin,  ETM; Erythromycin. 

LOD and LOQ are in ng/L. Level of detection (LOD), level of quantification (LOQ). Bold 

face values were used for quantification analysis. 
aPresent study 
bYan, C. et al. (2013) 
cKim, S. C., & Carlson, K. (2007) 
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S6. Triple Quad Instrument Method  

Time (min) Flow (mL/min) %A %B 

Initial 0.2 80 20 

1 0.2 80 20 

5 0.2 5 95 

7 0.2 5 95 

7.1 0.2 80 20 

10 0.2 80 20 

A=Water/formic acid, B=Methanol 

 

 

 

 

 

 

S7. Overview of antibiotics detected with LTQ Orbitrap and the number of 

seasons and counties they were detected in. 

Antibiotics Abb. 

Molecular 

Formula RT 

Exact 

Mass of 

MH+ 

(m/z) Usage 

# of 

Seasons 

# of 

Counties 

Sulfamethoxazole SMX 

C10H11N3O

3S 3.42 254.06 

Human & 

Vet  3 3 

Sulfamerazine SMR 

C11H12N4O

2S 2.47 265.08 

Human & 

Vet  3 3 

Danofloxacin DAN 

C19H20FN3

O3 3.24 358.15 Veterinary 3 3 

Erythromycin ETM 

C16H18N2O

4S1 4.75 734.46 

Human & 

Vet  3 3 

Gentamicin C2 GC2 

C20H41N5O

7 6.6 464.34 

Human & 

Vet  3 3 

Spectinomycin SPM 

C14H24N2O

7 4.05 333.16 

Human & 

Vet  2 3 

Enrofloxacin ENR 

C19H22FN3

O3 3.58 360.17 Veterinary 3 2 

Sulfaquinoxaline SFQ 

C14H12N4O

2S 3.56 301.07 Veterinary 2 1 

Ciprofloxacin CIP 

C17H18F1N

3O3 3.83 332.14 

Human& 

Vet 2 2 

Sulfadimerazine 

SDM

R 

C12H14N4O

2S 3.58 279.09 

Human & 

Vet 1 2 

Penicillin G 

PEN 

G 

C16H18N2O

4S1 3.83 335.1 

Human & 

Vet 1 1 

Lincomycin LMC 

C18H34N2O

6S 4.52 407.22 Veterinary 2 2 

Sulfaguanidine SFG 

C7H10N4O2

S 5.08 215.006 Veterinary  1 1 

Penicillin V 

PEN 

V 

C16H18N2O

5S1 3.83 351.1 

Human & 

Vet 1 1 

Nafcillin NFC 

C21H22N2O

5S 5.08 405.13 Human 1 1 

. 
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S10. Pearson's correlation analysis of surface water and groundwater of each 

antibiotic over different seasons 

  SMX SMR DAN ETM 

Fall -0.13 -0.12 -0.31 0.15 

Winter -0.18 -0.45 0.68 -0.63 

Spring  -0.18 0.44 -0.35 0.2 

 

 

S8. Frequency of detection of targeted antibiotics between environmental 

compartments. 

SW SED            GW 

Fall 

Antibiotic 

Detection 

Frequency 

(%) 

Detection 

Frequency 

(%) 

Detection 

Frequency 

(%) 

SMX 93.33 73.33 68.75 

SMR 86.67 66.67 20.00 

DAN 100.00 93.33 87.50 

ETM 86.67 73.33 68.75 

Winter 

SMX 86.67 33.33 81.25 

SMR 60.00 25.00 68.75 

DAN 93.33 40.00 75.00 

ETM 66.67 13.33 62.50 

Spring  

SMX 73.33 40.00 68.75 

SMR 13.33 33.33 25.00 

DAN 53.33 60.00 56.25 

ETM 33.33 53.33 18.75 

SW=surface water, GW= groundwater, SED=sediment, 

SMX=sulfamethoxazole, SMR=sulfamerazine, DAN=danofloxacin, 

ETM=erythromycin 
 

 

 

 

S9. Comparison of surface water concentration vs. groundwater 

concentrations over each season 

Season SMX SMR DAN ETM 

Fall p=0.25 p=0.03 p=0.02 p=0.13 

Winter p=0.24 p=0.14 p=0.7 p=0.65 

Spring p=0.23 p=0.16 p=0.86 p=0.38 

Significance determined at (p<0.05). Bolded values represent those that 

were significantly different  
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SMX; sulfamethoxazole, SMR; sulfamerazine, DAN; 

danofloxacin, ETM; erythromycin. Bolded values represent 

correlations that were significant. Significance determined at 

(p<0.05) 

 

 

 

S11. Water quality information for each well and stream site sampled in 

each county. Values represented as mean±SE. 

Randolph 

County pH 

Conductivity 

(S) Temperature 

Dissolved 

Oxygen 

(mg/L)  

Well -1 7.1 ± 3.35 389.3 ± 213.70 22.65 ± 1.15 7.30 

Well -2 7.63 ± 3.35 40.97 ± 6.76 19.03 ± 6.35 6.60 

Well -3 6.97 ± 3.03 100.63 ± 13.58 19.63 ± 7.06 5.50 

Well -4 7.1 ± 3.08 89.233 ± 8.64 19 ± 3.40 5.40 

Stream-1 7.8 ± 3.44 

128.333 ± 

44.24 15.83 ± 3.70 3.70 

Stream-2 8 ± 3.54 146.47 ± 51.37 16.03 ± 4.50 2.00 

Stream-3 
8.367 ± 

3.71 164.07 ± 39.43 17.43 ± 7.97 2.60 

Stream-4 8.23 ± 3.62 160.43 ± 31.38 17.6 ± 7.77 2.60 

Stream-5 8.15 ± 3.63 138.25 ± 31.39 17.69± 7.78 2.60 

     
Guilford 

County      

Well-1 7.57 ± 3.35 58 ± 16.21 21.4 ± 1.12 

7.75 ± 

0.95 

Well-2 7.53 ± 3.35 129.43 ± 88.07 20.53 ± 2.64 

7.8 ± 

1.50 

Well-3 7.77 ± 3.44 146.73 ± 54.39 22.13 ± 3.07 

10.15 ± 

4.05 

Well-4 7.9 ± 3.72 60 ± 21.92 22.1 ± 2.30 

8.25 ± 

1.55 

Well-5 8.47 ± 3.75 63.03 ± 38.88 16.33 ± 2.30 

6.9 ± 

2.30 

Stream-1 8.73 ± 3.90 54.93 ± 40.80 18.87 ± 3.02 

6.55 ± 

0.25 

Stream-2 8.37 ± 3.68 75 ± 8.07 18.83 ± 3.32 7.1 ± 0 

Stream-3 8.1 ± 0 82.5 ± 0 18.1 ±0 NA 

Stream-4 8.33 ± 3.72 39.7 ± 4.53 16.233 ± 6.99 

9.35 ± 

3.30 

Stream-5 8.73 ± 3.94 59.2 ± 13.44 15.17 ± 4.83 

6.8 ± 

2.30 

     
Alamance 

County     



125 
 

Well-1  7.67 ± 3.36 208.53 ± 94.89 21.23 ± 4.76 8 ± 0 

Well-2 8.4 ± 3.65 

259.37 ± 

119.05 22.37 ± 4.10 3.4 ± 0 

Well-3 8.07 ± 3.55 147.8 ± 53.73 19.5 ± 2.45 4.3 ± 0 

Well-4 7.97 ± 3.45 128.57 ± 8.29 18.73 ± 2.22 4.5 ± 0 

Well-5 7.6 ± 3.30 117.07 ± 44.48 21.17 ± 2.88 

5.9 

± 0 

Well-6 8.07 ± 3.51 46.2 ± 13.66 18.53 ± 4.37 6 ± 0 

Well-7 8.9 ± 3.87 65.23 ± 16.93 12 ± 8.29 5.3 ± 0 

Stream-1 8.07 ± 3.49 137.87 ± 89.81 21.73 ± 1.89 6.9 ± 0 

Stream-2 8.43 ± 3.70 249.2 ± 87.80 18.63 ± 10.81 7.1 ± 0 

Stream-3 8.13 ± 3.61 222 ± 121.25 17.47 ± 10.28 6.5 ± 0 

Stream-4 9.1 ± 0 70.5 ± 0 12.7 ± 0 NA 

Stream-5 8.7 ± 3.80 87.07 ± 31.05 13.27 ± 7.93 5.3 ± 0 

Stream-6 9.03 ± 4.04 105.37 ± 7.98 14.67 ± 7.98 5.6 ± 0 

 

 

S12. Scree plot of PCA components. Plot shows the percentage of variances explained               

by each principal component. 
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S13. Proportion of variance for components used in PCA analysis 

Importance of components: 

                          PC1    PC2    PC3     PC4     PC5     PC6 

Standard deviation     1.8707 1.8008 1.5720 1.33844 1.32229 0.98568 

Proportion of Variance 0.1944 0.1802 0.1373 0.09952 0.09714 0.05398 

Cumulative Proportion  0.1944 0.3746 0.5119 0.61137 0.70851 0.76249 

                           PC7     PC8     PC9    PC10    PC11    PC12 

Standard deviation     0.92609 0.82586 0.77109 0.67049 0.64689 0.57483 

Proportion of Variance 0.04765 0.03789 0.03303 0.02498 0.02325 0.01836 

Cumulative Proportion  0.81013 0.84803 0.88106 0.90603 0.92928 0.94764 

                          PC13    PC14    PC15    PC16    PC17    PC18 

Standard deviation     0.48705 0.46154 0.41554 0.39435 0.32052 0.24769 

Proportion of Variance 0.01318 0.01183 0.00959 0.00864 0.00571 0.00341 

Cumulative Proportion  0.96082 0.97265 0.98224 0.99088 0.99659 1.00000 

 

 

S14. Loadings of variables used in PCA analysis. Loadings determine the relationship of 

individual factors to each component. 

Loadings: 

                Comp.1 Comp.2 Comp.3 Comp.4 Comp.5 Comp.6 Comp.7 

SW.SMX           0.286  0.118  0.306  0.148         0.392  0.121 

SW.SMR           0.378         0.294  0.162         0.193        

SW.DAN           0.410  0.127  0.213  0.177 -0.119  0.130 -0.163 

SW.ETM           0.366  0.223        -0.119 -0.183         0.115 

Sed.SMX         -0.371  0.111  0.318  0.160         0.201  0.202 

Sed.SMR         -0.329  0.134  0.335  0.163                      

Sed.DAN         -0.293  0.121  0.346 -0.101               -0.230 

Sed.ETM         -0.162         0.436 -0.157        -0.268        

GW.SMX                 -0.416  0.166  0.236  0.144        -0.109 

GW.SMR                 -0.457         0.157         0.138  0.242 

GW.DAN                 -0.417         0.247 -0.106         0.410 

GW.ETM           0.111 -0.361  0.134  0.186        -0.372 -0.365 

SW.pH                   0.254 -0.174  0.483 -0.232 -0.195        

SW.Conductivity  0.219 -0.120  0.352 -0.130 -0.144 -0.440 -0.108 

SW.Temp                -0.261        -0.576         0.275        

GW.pH            0.123         0.136         0.531 -0.177  0.421 

GW.Conductivity                0.138 -0.205 -0.530 -0.254  0.510 

GW.Temp         -0.163 -0.172        -0.110 -0.515  0.318 -0.153 
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S15. Sheppard plot for goodness of fit for NMDS data 

 

 

 

S16. Concentration of antibiotics detected in surface water, groundwater, and sediment. 

Surface water and groundwater concentrations are in ng/L and sediment in g/kg 

Site County Season Compartment SMX  SMR DAN ETM 

AW-1 Alamance  Fall Groundwater <LOQ ND ND ND 

AW-2 Alamance  Fall Groundwater <LOQ 5.5 <LOQ <LOQ 

AW-3 Alamance  Fall Groundwater <LOQ 5.5 39.38 <LOQ 

AW-4 Alamance  Fall Groundwater ND ND <LOQ ND 

AW-5 Alamance  Fall Groundwater 19.4 ND <LOQ <LOQ 

AW-6 Alamance  Fall Groundwater 38.79 54.47 592.73 15.24 

AW-7 Alamance  Fall Groundwater ND ND <LOQ ND 

AW-1 Alamance  Winter Groundwater <LOQ ND <LOQ ND 

AW-2 Alamance  Winter Groundwater <LOQ 5.5 <LOQ ND 

AW-3 Alamance  Winter Groundwater <LOQ 2.48 3.81 ND 

AW-4 Alamance  Winter Groundwater 5.36 6.27 15.66 <LOQ 

AW-5 Alamance  Winter Groundwater ND ND <LOQ ND 

AW-6 Alamance  Winter Groundwater ND ND ND ND 

AW-7 Alamance  Winter Groundwater <LOQ 2.48 149.17 <LOQ 

AW-1 Alamance  Spring  Groundwater ND ND <LOQ ND 

AW-2 Alamance  Spring  Groundwater <LOQ 5.5 <LOQ ND 
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AW-3 Alamance  Spring  Groundwater ND ND <LOQ <LOQ 

AW-4 Alamance  Spring  Groundwater <LOQ ND 15.91 ND 

AW-5 Alamance  Spring  Groundwater <LOQ 5.5 32.88 ND 

AW-6 Alamance  Spring  Groundwater ND ND ND ND 

AW-7 Alamance  Spring  Groundwater ND 5.5 ND ND 

GW-1 Guilford Fall Groundwater 14.8 17 600.05 <LOQ 

GW-2 Guilford Fall Groundwater <LOQ ND <LOQ <LOQ 

GW-3 Guilford Fall Groundwater <LOQ ND <LOQ 2.01 

GW-4 Guilford Fall Groundwater 7.82 ND <LOQ <LOQ 

GW-5 Guilford Fall Groundwater 5.66 ND <LOQ ND 

GW-1 Guilford Winter Groundwater 51.31 56.7 1739.63 8.81 

GW-2 Guilford Winter Groundwater 18.28 16.1 610.16 1.09 

GW-3 Guilford Winter Groundwater 7.54 7.58 316.08 <LOQ 

GW-4 Guilford Winter Groundwater 40.63 5.5 13.15 <LOQ 

GW-5 Guilford Winter Groundwater <LOQ ND ND <LOQ 

GW-1 Guilford Spring  Groundwater <LOQ ND ND ND 

GW-2 Guilford Spring  Groundwater <LOQ ND <LOQ ND 

GW-3 Guilford Spring  Groundwater 6.06 ND <LOQ <LOQ 

GW-4 Guilford Spring  Groundwater <LOQ ND ND ND 

GW-5 Guilford Spring  Groundwater <LOQ 5.5 <LOQ <LOQ 

RW-1 Randolph  Fall Groundwater ND ND <LOQ 6.16 

RW-2 Randolph  Fall Groundwater ND ND <LOQ <LOQ 

RW-3 Randolph  Fall Groundwater <LOQ ND <LOQ <LOQ 

RW-4 Randolph  Fall Groundwater <LOQ ND <LOQ <LOQ 

RW-2 Randolph  Winter Groundwater 160.74 177.56 59.64 62.5 

RW-3 Randolph  Winter Groundwater 155.33 156.45 47.38 72.16 

RW-4 Randolph  Winter Groundwater 149.63 159.31 60.89 15.44 

RW-1 Randolph  Spring  Groundwater <LOQ ND ND ND 

RW-2 Randolph  Spring  Groundwater ND ND ND ND 

RW-3 Randolph  Spring  Groundwater <LOQ ND ND ND 

RW-4 Randolph  Spring  Groundwater <LOQ ND ND ND 

ASW-1 Alamance Fall Surface Water <LOQ <LOQ <LOQ <LOQ 

ASW-2 Alamance Fall Surface Water 96.33 101.38 1227.42 21.18 

ASW-3 Alamance Fall Surface Water 14.65 16.08 237.25 2.69 

ASW-4 Alamance Fall Surface Water 27.79 33.66 604.55 4.12 

ASW-5 Alamance Fall Surface Water 7.48 10.6 329.43 <LOQ 

ASW-6 Alamance Fall Surface Water <LOQ ND 11.46 <LOQ 

ASW-1 Alamance Winter Surface Water 13.65 <LOQ <LOQ <LOQ 

ASW-2 Alamance Winter Surface Water 15.47 <LOQ <LOQ <LOQ 

ASW-4 Alamance Winter Surface Water <LOQ <LOQ <LOQ ND 
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ASW-5 Alamance Winter Surface Water <LOQ <LOQ <LOQ <LOQ 

ASW-6 Alamance Winter Surface Water 5.34 9.57 191.66 <LOQ 

ASW-1 Alamance Spring  Surface Water 25.42 ND 67.67 <LOQ 

ASW-2 Alamance Spring  Surface Water 7.2 ND <LOQ <LOQ 

ASW-3 Alamance Spring  Surface Water ND ND ND ND 

ASW-4 Alamance Spring  Surface Water <LOQ ND <LOQ ND 

ASW-5 Alamance Spring  Surface Water <LOQ ND ND ND 

ASW-6 Alamance Spring  Surface Water <LOQ ND 17.83 <LOQ 

GSW-1 Guilford Fall Surface Water ND ND <LOQ <LOQ 

GSW-2 Guilford Fall Surface Water <LOQ <LOQ <LOQ <LOQ 

GSW-3 Guilford Fall Surface Water ND ND <LOQ <LOQ 

GSW-4 Guilford Fall Surface Water <LOQ ND 10 <LOQ 

GSW-5 Guilford Fall Surface Water <LOQ <LOQ 161.12 <LOQ 

GSW-1 Guilford Winter Surface Water <LOQ <LOQ 108.76 <LOQ 

GSW-2 Guilford Winter Surface Water <LOQ 3.4 157.73 <LOQ 

GSW-3 Guilford Winter Surface Water 7.54 7.58 316.08 <LOQ 

GSW-4 Guilford Winter Surface Water <LOQ ND <LOQ <LOQ 

GSW-5 Guilford Winter Surface Water <LOQ ND <LOQ ND 

GSW-1 Guilford Spring  Surface Water ND ND ND ND 

GSW-2 Guilford Spring  Surface Water <LOQ ND ND ND 

GSW-3 Guilford Spring  Surface Water 6.06 ND <LOQ ND 

GSW-4 Guilford Spring  Surface Water ND ND ND ND 

GSW-5 Guilford Spring  Surface Water <LOQ ND <LOQ ND 

RSW-1 Randolph Fall Surface Water <LOQ ND <LOQ <LOQ 

RSW-2 Randolph Fall Surface Water 9.74 18.9 434.45 <LOQ 

RSW-3 Randolph Fall Surface Water 12.82 18.09 546.95 <LOQ 

RSW-4 Randolph Fall Surface Water 15.34 31.56 911.01 <LOQ 

RSW-1 Randolph Winter Surface Water ND ND <LOQ <LOQ 

RSW-2 Randolph Winter Surface Water <LOQ <LOQ <LOQ <LOQ 

RSW-3 Randolph Winter Surface Water <LOQ ND <LOQ ND 

RSW-4 Randolph Winter Surface Water <LOQ ND 24.65 ND 

RSW-1 Randolph Spring  Surface Water <LOQ <LOQ <LOQ ND 

RSW-2 Randolph Spring  Surface Water <LOQ ND 13.48 <LOQ 

RSW-3 Randolph Spring  Surface Water <LOQ ND ND <LOQ 

RSW-4 Randolph Spring  Surface Water <LOQ ND ND ND 

AS-1 Alamance Fall Sediment 3.86 3.86 171.92 <LOQ 

AS-2 Alamance Fall Sediment 1.01 1.15 13.68 <LOQ 

AS-3 Alamance Fall Sediment <LOQ <LOQ <LOQ <LOQ 

AS-4 Alamance Fall Sediment 13.75 9.33 378.36 3.58 

AS-5 Alamance Fall Sediment 2.05 2.96 <LOQ <LOQ 
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AS-6 Alamance Fall Sediment ND ND <LOQ <LOQ 

AS-1 Alamance Winter Sediment 1.54 1.49 152.66 <LOQ 

AS-2 Alamance Winter Sediment <LOQ <LOQ <LOQ ND 

AS-4 Alamance Winter Sediment <LOQ <LOQ <LOQ ND 

AS-5 Alamance Winter Sediment <LOQ 0.25 <LOQ <LOQ 

AS-6 Alamance Winter Sediment ND ND <LOQ ND 

AS-1 Alamance Spring  Sediment 5.19 ND <LOQ 7.71 

AS-2 Alamance Spring  Sediment 2.63 0.07 <LOQ <LOQ 

AS-4 Alamance Spring  Sediment ND ND ND ND 

AS-5 Alamance Spring  Sediment ND ND <LOQ <LOQ 

AS-6 Alamance Spring  Sediment 2.34 10.62 <LOQ 0.71 

GS-1 Guilford Fall Sediment 11.32 0.25 <LOQ <LOQ 

GS-2 Guilford Fall Sediment ND ND <LOQ ND 

GS-3 Guilford Fall Sediment ND ND <LOQ ND 

GS-4 Guilford Fall Sediment ND ND ND ND 

GS-5 Guilford Fall Sediment 7.77 7.31 318.29 <LOQ 

GS-1 Guilford Winter Sediment ND ND ND ND 

GS-2 Guilford Winter Sediment ND ND ND ND 

GS-4 Guilford Winter Sediment 0.48 0.97 ND ND 

GS-5 Guilford Winter Sediment ND ND ND ND 

GS-1 Guilford Spring  Sediment <LOQ <LOQ <LOQ <LOQ 

GS-2 Guilford Spring  Sediment <LOQ <LOQ ND <LOQ 

GS-4 Guilford Spring  Sediment <LOQ ND ND ND 

GS-5 Guilford Spring  Sediment <LOQ <LOQ <LOQ ND 

RS-1 Randolph Fall Sediment <LOQ <LOQ <LOQ <LOQ 

RS-2 Randolph Fall Sediment 16.21 16.18 254.33 <LOQ 

RS-3 Randolph Fall Sediment 21.74 24.98 416.18 2.25 

RS-4 Randolph Fall Sediment 2.94 2.71 50.27 <LOQ 

RS-1 Randolph Winter Sediment ND ND ND ND 

RS-2 Randolph Winter Sediment ND ND ND ND 

RS-3 Randolph Winter Sediment ND ND ND ND 

RS-4 Randolph Winter Sediment ND ND ND ND 

RS-1 Randolph Spring  Sediment ND ND ND <LOQ 

RS-2 Randolph Spring  Sediment ND ND ND ND 

RS-3 Randolph Spring  Sediment ND ND 71.37 ND 

RS-4 Randolph Spring  Sediment <LOQ <LOQ <LOQ 42.81 

RS-5 Randolph Spring  Sediment ND ND <LOQ <LOQ 

LOQ=Level of Quantification, ND=Not Detected 
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Appendix B 

Chapter V Supplemental Information 

 

 

S1. Antibiotic information  

Antibiotic Class Mode of 
Action 

CAS 
No. 

pKa LogKow 

Sulfamethoxazole 
(SMX) 

Sulfonamide Inhibiting 
nucleic 
acids, 
protein 

synthesis, 
and folic 

acid 
synthesis  

723-46-
6 

1.6, 
5.7 

0.89 

Danofloxacin 
(DAN) 

Fluoroquinolone  Inhibition 
of 

bacterial 
DNA 

replication 

112398-
08-0 

6.22, 
9.43 

0.44 

Erythromycin 
(ETM)  

Macrolide Prevents 
growth by 

binding 
irreversibly 

to 50S 
ribosomal 
subunits  

114-07-
8 

7.7, 
8.9 

1.6-3.1 
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S2. Data from sediment oxygen demand study 
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